Clemson University

TigerPrints
All Dissertations

Dissertations

12-2008

QUANTIFYING THE EFFECTS OF LAND
USE CHANGE ON STREAM ECOSYSTEMS
FOR USE IN ECOLOGICAL RISK
ASSESSMENT
Katherine Sciera
Clemson University, klsciera@gmail.com

Follow this and additional works at: https://tigerprints.clemson.edu/all_dissertations
Part of the Environmental Sciences Commons
Recommended Citation
Sciera, Katherine, "QUANTIFYING THE EFFECTS OF LAND USE CHANGE ON STREAM ECOSYSTEMS FOR USE IN
ECOLOGICAL RISK ASSESSMENT" (2008). All Dissertations. 288.
https://tigerprints.clemson.edu/all_dissertations/288

This Dissertation is brought to you for free and open access by the Dissertations at TigerPrints. It has been accepted for inclusion in All Dissertations by
an authorized administrator of TigerPrints. For more information, please contact kokeefe@clemson.edu.

TITLE PAGE
QUANTIFYING THE EFFECTS OF LAND USE CHANGE ON STREAM
ECOSYSTEMS FOR USE IN ECOLOGICAL RISK ASSESSMENT

A Dissertation
Presented to
the Graduate School of
Clemson University
In Partial Fulfillment
of the Requirements for the Degree
Doctor of Philosophy
Environmental Toxicology
by
Katherine Lynne Sciera
December 2008
Accepted by:
Dr. Stephen J. Klaine, Committee Chair
Dr. Mark A. Schlautman
Dr. Alan R. Johnson
Dr. Marc S. Greenberg
Dr. Jerry R. Miller

ABSTRACT

Land disturbance often results in a cascade of physical and chemical stressors to
aquatic ecosystems which can impact their biotic integrity. This study examined three
developing watersheds near Greenville, SC to evaluate the quantitative relationships
between the physical stressors associated with land use alterations and biotic integrity.
More specifically, the objectives of this study were to 1) quantify the mechanisms of
aquatic ecosystem degradation in streams impacted by watershed urbanization, 2)
demonstrate the use of quantitative relationships among the physical, chemical, and
biological stressors associated with land use change in an established ecological risk
assessment framework, and 3) identify the geographic extent of these relationships by
comparing the similarities and differences in the quantitative relationships between
urbanizing watersheds and established urban watersheds. These objectives will provide
information to make land development sustainable.
A disturbance index was developed to quantify changes in land use. This
normalized disturbance index (NDI) is based on the increase in percent impervious cover,
storm water runoff, storm event total suspended solids (TSS) concentrations, and the
North Carolina Biotic Index (NCBI). The NDI is inversely related to a decline in habitat
quality, median bed sediment particle size, and Benthic Index of Biotic Integrity (B-IBI).
Predictive multivariate regressions were developed for storm event TSS concentrations,
the B-IBI and the NCBI. These regressions were used to develop effects benchmarks for
the impacts of development on first-order stream ecosystems. By selecting acceptable
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levels of ecological health for the benthic macroinvertebrate indices, stakeholders can
derive benchmarks from the quantitative and predictive relationships for use in an
ecological risk assessment framework. Based on a frequency curve for TSS and toxicity
data relevant to this study, impacts to benthic macroinvertebrates are likely due to habitat
effects and drift, not acute toxicity. The results of this study reveal that aquatic ecosystem
impacts begin at a normalized disturbance index of 4.8-7.3 (6.7-10.3% impervious cover,
78-106.8 mg/L TSS, 9.5-12.7% rainfall as runoff, 124-136 RBP Habitat index).
When quantitative relationships from developing watersheds were compared to a
watershed study with established urban land use, the contribution of anthropogenic
contaminants (e.g., pesticides) to stream ecosystems was significant in established urban
streams, but was not a significant stressor in streams with active watershed development.
Biotic integrity in established urban streams was best predicted using the B-IBI; whereas,
streams with active watershed development had stronger relationships between land use
and the NCBI, though relationships with the B-IBI were significant. A combined model
to predict biotic integrity (B-IBI) for both datasets resulted in an R2 of 0.77. The model
result indicated that established urban land use and active watershed development could
be combined into one predictive model across watersheds in the same ecoregion, but of
differing sizes (<1-138.6 km2). Effects benchmarks were higher when established urban
land use was incorporated into the predictive model, indicating that urban streams may
experience recovery once stressors have stabilized, but the timeline is uncertain. The
resulting benchmarks for development levels and their associated physical stressors can
yield limits for monitoring parameters, improve best management practices (BMPs),
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provide documentation for stricter regulations, and result in more sustainable
development.
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CHAPTER ONE
LITERATURE REVIEW
Land development is occurring rapidly across the United States (U.S.) as urban
sprawl spreads from major cities. Developed land area increased by close to 50% in the
mainland U.S. from 1982 to 2002 (USDA NRCS 2004); urban land area now covers
more than 19% of the total U.S. land surface (Stoel 1999). The rate of land conversion
has also been accelerating in recent years (USDA NRCS 2004). Small changes in land
use can lead to large changes in aquatic ecosystem health, as documented by changes in
hydraulic, chemical, and biological variables (Roesner and Bledsoe 2003). Often,
physical stressors associated with land use change significantly alter streams and
compromise their biotic integrity, even before chemical stressors are detected. Although
great strides have been made to reduce the effects of chemical stressors from point
sources through legislation, physical stressors resulting from land use change and
representing basin-wide problems have not been effectively regulated.
Urbanization is a process with two relatively distinct phases. Converting
agricultural or forested land to housing and/or commercial development leads to a
suburban or urban area. This process involves clearing and reshaping of the land, paving
and compacting of pervious cover, extensive soil erosion, and changes in the hydrologic
regime (Davenport 2002, CWP 2003). The primary pollutant in this first phase of
urbanization is sediment (Davenport 2002). The second phase of urbanization is the postdevelopment phase when construction is complete. Pollutants begin to accumulate on
impervious cover (e.g., rooftops, driveways, roadways) from automobile traffic and
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landscaping runoff, which is washed into nearby surface waters in during rain events
(Cormier et al. 2000, Jones and Gordon 2000, Davenport 2002). Primary pollutants
during the second phase of urbanization include sediment from in stream erosion,
nutrients, and toxic contaminants (Davenport 2002).
Aquatic Ecosystem Impacts of Urbanization in Southeastern Piedmont Streams
The conversion of forest or agricultural land uses to urban or suburban uses alters
the hydrology of a watershed, often leading to a decline in the biotic integrity of streams
(Roesner and Bledsoe 2003). The impact of urbanization on small headwater streams
(<5200 hectare basin area) has been shown to be the most severe, with a decrease in
impacts with increasing stream size (Yoder and Rankin 1995, Konad and Booth 2005).
Research has demonstrated that an increase in impervious cover during land development
results in an alteration of the hydrologic regime (Cormier et al. 2000, Bledsoe and
Watson 2001, Roesner and Bledsoe 2003, Fitzpatrick et al. 2005, Konrad and Booth
2005).
Soil and groundwater act as reservoirs to feed stream base flow between rainfall
events (Cormier et al. 2000). After watershed urbanization, base flow is reduced because
there is less infiltration of precipitation to recharge the shallow groundwater-stream flow
system (CWP 2003). Flood peaks are often elevated (and lag-times reduced) by enhanced
runoff from areas of impervious cover (IC). Although, streams in watersheds with urban
land use tend to have lower baseflows (Konrad and Booth 2005), this can be offset by
point discharges or leakage of water supply infrastructure into aquatic systems
(Fitzpatrick et al. 2005, Walsh et al. 2005a). Those streams that experience low

2

baseflows can have higher stream temperatures because there is less groundwater input
and reduced shade from decreases in riparian cover (Paul and Meyer 2001, Detenbeck et
al. 2003).
Storm flows in streams become more frequent and of higher magnitude after urban
development because of the increase in storm water runoff (Konrad and Booth 2005,
Gregory and Calhoun 2007). As impervious cover increases to: 10-20%, runoff doubles
in comparison to natural groundcover; 35-50%, runoff increases three-fold; and 75-100%,
runoff increases five fold (Arnold and Gibbons 1996). Larger flows with shorter basin
lag times cause streambeds and banks to erode rapidly to accommodate higher volumes
of water. This change results in a stream that is disconnected from the floodplain and
sedimentation downstream, which can have a large impact on aquatic habitat and biotic
communities (Garie and McIntosh 1986, Yoder and Rankin 1997, Cormier et al. 2000,
Paul and Meyer 2001).
Processes that impact in stream biota and ecological processes in lotic systems are
the magnitude of flow, frequency of occurrence of specific flow magnitudes, duration of
time associated with specific flow conditions, predictability of flows of defined
magnitudes, and flashiness of flows (Richter et al. 1996). Research has shown that
hydrologic data can separate ecologically distinct groups of fish assemblages for
hydrologically variable (high coefficient of variation (CV) for daily flows) and
hydrologically stable streams (Poff and Allan 1995).
Land use change is also an important source of anthropogenic sediment into
aquatic systems because of changes in drainage, flow, and denuded land areas (Simmons
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1976, Waters 1995). Loadings of suspended sediment can be from two sources: upland
eroded soils or in stream sediment due to bank and bed erosion (Wolman 1967, Trimble
1997). During construction, deposition of sediment usually occurs in the stream channel
from upland erosion (Wolman and Schick 1967, MacRae and Rowney 1992), which can
be 102-104 times larger than the sediment yield over a forested watershed (Wolman and
Schick 1967, Leopold 1968). With increases in overland flow, fine sediments are moved
into channels during rain events. Bed deposition of sediment may cause colmation and
impact habitat as erosion from the altered landscape occurs in response to the denuded
vegetation and increased runoff (Booth 1990, MacRae and Rowney 1992). Postdevelopment conditions decrease sediment loading, but continue to exhibit high flows,
resulting in an increase in scouring of the channel and stream bank erosion until a new
equilibrium is reached (Wolman 1967, MacRae and Rowney 1992). Roy et al. (2003)
demonstrated significant relationships between urban land cover and bed sediment
particle size, turbidity, and total suspended solid (TSS) concentrations.
If suspended sediments are the result of in stream erosion processes, measurable
changes in stream geomorphology will occur. Although there are natural levels of
channel erosion and deposition in stable streams, the specific enlargement of stream
channels is linked to variables associated with urbanization, such as percent impervious
cover (Coleman et al. 2005, Fitzpatrick et al. 2005). Channel enlargement is reported to
begin at approximately 6% impervious cover and stream channels become unstable above
10% impervious cover (Booth and Jackson 1997). However, channel enlargement is
highly variable depending on geology, basin morphology, vegetation, and climate.
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Channel enlargement occurs through stream bank erosion to accommodate the
increase in flow volumes (MacRae and Rowney 1992, Cormier et al. 2000). Flow (i.e.,
peak discharge and duration of discharge) changes associated with urbanization control
many important structural attributes of streams including habitat, current velocity,
channel geomorphology, and substrate stability (Poff and Ward 1989, Trimble 1997,
Coleman et al. 2005). In southern California, streams exhibited a predictable relationship
between bankfull discharges and stream channel geometry based on cross-sectional
measurements (Coleman et al. 2005).
It is important to note that geomorphic processes, such as channel enlargement
and floodplain connectivity, are highly variable in time and space and predicting the
geomorphic changes from the magnitude of urbanization or the rate of land-cover change
has proven difficult (Gregory and Madew 1982, Henshaw and Booth 2000). Geomorphic
conditions may or may not stabilize after one or two decades of constant land cover
(Henshaw and Booth 2000, Fitzpatrick et al. 2005). The geomorphic response often
varies longitudinally along a stream network and varies with age of development,
geology, watershed slope, soil type, and land use history (Gregory et al. 1992).
Researchers must take into consideration these watershed characteristics and other
potential stressors in the watershed to form process-based linkages between land use to in
stream changes (Bledsoe and Watson 2001, CWP 2003).
Channel expansion occurs where increases in peak discharges or increases in
durations of high flows are present (Bledsoe and Watson 2001) and can result in channels
two to eight times larger than the original channel (CWP 2003). There are two options
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for channel expansion: cross-sectional area may increase nearly proportionally to the
discharge increase, or there can be extensive vertical channel incision via bank erosion,
where changes in cross-sectoinal area are far greater than the increases in discharge that
initiated them (Booth 1990). Long-term channel erosion has a substantial contribution to
downstream sediment loads (Trimble 1997), which can cause habitat decline and toxicity
to organisms due to physical stress or obstruction of feeding mechanisms (Robinson and
Klaine 2008). It has also been observed that entrenched streams, which often experience
high flow regimes, have a decrease in channel sinuosity (Leopold et al. 1964). A
decrease in sinuosity affects the quality of the habitat for in stream organisms because
substrates with potential to be colonized are subject to higher flows and thus may be no
longer stable.
Changes in geomorphology related to substrate stability can indicate changes in a
stream’s habitat. However, habitat indices are not always an indicator of geomorphic
responses because the components of a habitat metric can vary and are not unique and/or
sensitive in describing what is happening in geomorphic processes (Fitzpatrick et al.
2004). The decreases in riparian area due to land development can result in less wood
and leaf litter entering the channel and deprive streams of stabilizing elements that help
dissipate flow energy, provide habitat and protect a stream from erosion (Booth and
Jackson 1997). Researchers have demonstrated that individual habitat elements (e.g.,
large woody debris, embeddedness, bank stability) are related to watershed conditions
(CWP 2003). In some studies, habitat metrics do not have a strong correlation with urban
land cover metrics (Wang et al. 2001, Fitzpatrick et al. 2005). It is hypothesized that
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proximity of urban land use to the stream is important to biotic integrity and that percent
impervious cover may not be the appropriate metric for quantifying effects on habitat in
all environments (Wang et al. 2001). However, connected impervious cover often
bypasses riparian zones to discharge into a stream, therefore, proximity of land use to a
stream may not be a predictive variable (Walsh et al. 2001)
Nutrient enrichment is often a result of urbanization (Cormier et al. 2000). The
absence of a riparian forest affects nutrient concentrations because water enters the
stream unfiltered by soils and vegetation (Walsh et al. 2005a). Untreated storm water
runoff from urbanized areas (e.g., septic systems, lawn fertilizers) and point sources, such
as wastewater treatment plants, can contribute nutrients to urban streams. Roy et al.
(2003) reported a positive relationship between nitrogen and phosphorus concentrations
and measures of urban land cover. However, depending on the geographic setting,
stream water nutrient concentrations can be highly variable in urban streams and nutrient
impairments are much greater in areas where sewage and industrial effluents are poorly
managed (Walsh et al. 2005a).
The changes in hydrology, suspended sediments, water quality, geomorphology,
and habitat represent a cascade of effects of land use change, which impact biotic
communities. These effects have been linked to biotic decline by several studies. Benthic
macroinvetebrates have been shown to exhibit the strongest responses to urbanization in
comparison to fish and algal communities (Walsh et al. 2005a, Gregory and Calhoun
2007). Benthic macroinvertebrate communities in rural streams in Washington have been
observed to have twice the functional diversity than in urban streams, but total biomass
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was not significantly different (Pedersen and Perkins 1986). Jones and Clark (1987)
observed that watershed development in Virginia, even in the absence of point
discharges, had little impact on insect numbers, but taxonomic composition varied from
undeveloped sites. Developed watersheds have lower benthic macroinvertebrate
diversity, taxonomic richness, Ephemeroptera, Plecoptera, and Tricoptera (EPT) taxa, and
some studies reported lower biomass of sensitive species (Garie and McIntosh 1986,
Quinn and Hickey 1990). Sensitive macroinvertebrate species are those that are sensitive
to decreases in water and habitat quality. In Ohio, areas with up to 25% urban land use
consistently met aquatic life classifications under state regulations, but those streams of
greater than 60% urban land use never met aquatic life use designations (Swietlik 2001).
Fitzpatrick et al. (2004) found a more sensitive response in Wisconsin streams, showing
that streams with >10% urban land use had fair to poor index scores for fish and
macroinvertebrates.
Alterations in hydrologic regime have been shown to impact benthic
macroinvertebrate communities. High and low flow disruptions can result in a change in
structure of stream communities (Williams and Hynes 1976, 1977, Schlosser 1987,
Delucchi 1988, Power et al. 1988, Clausen and Biggs 1997, Gregory and Calhoun 2007).
Reductions in flows can reduce habitat space, reduce dissolved oxygen concentrations,
and increase temperatures. Larger (and more frequent) flow regimes have a direct impact
on organisms by scouring streambeds, by killing organisms subjected to stress or
suspended sediment, and by transporting organisms downstream (Konrad and Booth
2005). Quinn and Hickey (1990) reported that flows, which exceeded 20 times the
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median flow, led to lower median taxonomic richness, density, and biomass. Clausen and
Biggs (1997) found that most flow variables were correlated with total invertebrate
density, but few were correlated with macroinvertebrate diversity. The frequency of
flooding, where flooding was defined as three times the median flow, was found to be an
ecologically useful indicator because it explained a significant amount of variance in twothirds of benthic community measures (Clausen and Biggs 1997).
A decline in biotic integrity of streams can also be due to the direct toxicity of
suspended sediments and their physiological effects on organisms including gill irritation
and feeding impairment (USEPA 2003). Turbidity and siltation can cause benthic
macroinvertebrate impacts by causing respiratory effects or impacts on filter feeding
organisms (Cormier et al. 2000). There is little traditional toxicology data regarding the
toxicity of suspended solids to benthic macroinvertebrates, even though it is
hypothesized. Laboratory studies have shown toxicity of suspended clays to Daphnia
magna and thus could indicate the potential for toxicity to filter feeding benthic
macroinvertebrates (Capper 2006). Quinn et al. (1992) qualitatively examined
invertebrates from upstream and downstream sites of clay discharges due to placer
mining and found that invertebrates were comparably clean in regard to sediment
accumulation on body surfaces and gills.
Adverse habitat impacts are an alternative reason for the effects of suspended
solids on benthic macroinvertebrates. Habitat is affected when high flows carrying TSS
subside and fine suspended sediment is deposited on the streambed. A decrease in
sediment size in streambeds has been observed in developing watersheds (Roy et al.

9

2003) and median particle size has been shown to explain significant variations in
macroinvertebrate colonization (Erman and Erman 1984).
Suspended sediment load also affects invertebrate drift. Drift is when benthic
macroinvertebrates become suspended in the water column and are carried downstream
by the current. This may result from stressors in the water, or under normal conditions as
behavioral drift (McCafferty1998). Increases of 120 mg/L TSS in New Zealand resulted
in increased drift, significantly altering the distribution of benthos (Quinn et al. 1992).
Large reductions in invertebrate densities were attributed to drift and lower epilithon
biomass, productivity, and degraded food quality, have also been associated with much
smaller total suspended solids loadings of 8-10 mg/L (Quinn et al. 1992). Elevations in
TSS concentrations affect epilithon biomass and productivity due to effects of the photic
zone in the stream.
Often chemical pollutants can contribute to a decline in biomass. Urban streams
often have elevated levels of trace metals (Garie and McIntosh 1986) and can contain
toxic organic compounds from industrial and municipal point sources and residential
non-point sources (Cormier et al. 2000, Jones and Gordon 2000, Davenport 2002). Fish
and invertebrate indices are negatively correlated to sediment metal concentrations found
in urban streams, especially chromium, copper, and nickel (Fitzpatrick et al. 2004).
Pesticides can enter the stream through surface runoff from residential lawns and gardens
and industrial point sources directly introduce toxic compounds into streams. Because
urban areas have increased impervious cover, the loading of non-point source toxic
contaminants can increase because impervious cover facilitates the runoff of metals, oil,
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grease and other materials on surfaces (Pitt and Bozeman 1980). Dyer et al. (2000)
demonstrated that chemical factors (e.g., effluent mixtures, metals) were negatively
related to the fish Index of Biotic Integrity (IBI) and taxa richness. Semi-permeable
membrane devices (SPMDs) have detected a strong relationship between polyaromatic
hydrocarbons (PAHs) and urbanization (Gregory and Calhoun 2007). Gregory and
Calhoun (2007) also demonstrated strong negative correlations between invertebrate
metrics (e.g., EPT richness) and chemical constituents identified in SPMD extracts,
mainly pesticides, herbicides and PAHs, which are toxic to aquatic life. Metals were not
evaluated in the study.
Specific conductance has been shown to increase with urbanization and can be an
indicator of pollution including nutrients, fertilizers, pesticides, salts, and sediment (Roy
et al. 2003, Gregory and Calhoun 2007). The U.S. Geological Survey found that nutrient
concentrations in southeastern Piedmont streams of Georgia were not directly related to
increases in development, but were inversely related to forested land cover (Gregory and
Calhoun 2007). The increases in nutrient loading can lead to an increase in primary
production and shift in the structure of the invertebrate communities (Cormier et al.
2000).
The decline in benthic macroinvertebrate communities results from a cascade of
multiple stressors due to land use changes. In a study by Norton et al. (2000), six factors
explained 69% of the variability in biological communities, including stream corridor
structure, siltation, total suspended solids (TSS), iron, biological oxygen demand (BOD),
and chemical oxygen demand (COD). These explanatory variables could change based
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upon watershed characteristics and development type, which poses problems for
widespread regulation to protect urban streams.
Regulation of Stressors
One of the difficulties in the research and regulation of urban development is that
not all development styles, drainage schemes, best management practices (BMPs), and
impervious cover are comparable in regard to their impact on aquatic ecosystems (Booth
and Jackson 1997, Bledsoe and Watson 2001). Total impervious cover is a general,
cumulative measurement of watershed development, however, effective impervious
cover, or directly connected impervious area (DCIA), takes into account drainage
schemes and is more accurate in predicting impacts to stream ecosystems (CWP 2003,
Walsh et al. 2005b). Relationships among impervious area, watershed urban area and instream responses are not completely understood, and may depend on regional and
historical differences, development type, and natural factors including soils,
physiographic, geologic settings, and climate (Fitzpatrick et al. 2004).
In addition, regulating via riparian area is equally difficult. The impact of riparian
forest on water chemistry, organic matter input, algal biomass, and shading may indicate
that a loss of riparian forest may limit the potential for recovery in urban stream systems
(Walsh et al. 2005a). However, in areas with piped drainages (e.g., DCIA), the stream
may have significantly lower riparian water tables and the riparian zone has a reduced
impact on water chemistry and pollutant loading from upland runoff (Walsh et al. 2005a)
indicating that an intact riparian zone is not necessarily providing a protective effect in
urban streams.
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Yearly water quality reports from the U.S. Environmental Protection Agency
(USEPA) indicate approximately 40% of assessed river miles are impaired by sediment
stress (USEPA 2001). Current regulations for suspended and bedded sediments (SABS)
vary by state. Numeric criteria exist in approximately 60% of the states, tribes,
territories, and the District of Columbia. These numeric criteria often designate a
turbidity level that is acceptable as compared to background turbidity and only a few
states use total suspended solids (TSS) as criteria, which range from 30-158 mg/L
(USEPA 2003). Narrative criteria were identified in 25% of those areas lacking numeric
criteria, which leaves 15% of areas with no criteria for SABS (USEPA 2006). These
approaches often do not include a relationship between the SABS criteria and aquatic life
or an ecological resource. The USEPA has recently issued guidance for the
establishment of SABS water quality criteria which may help establish ecologically
relevant criteria (USEPA 2006).
In addition, there are often regulations for suspended sediments and flow in
relationship to storm water controls with new land development. Developing watersheds
have shown consistently higher mean concentrations and maximum loads of total
suspended solids (TSS) versus undisturbed watersheds, despite the use of best
management practices (BMPs) (Hur et al. 2008). Silt fences are widely used as a BMP to
reduce sediment loading, but selected studies have shown them to be ineffective and, in
fact, to cause worse problems than having no BMPs at all (Barfield and Hayes 1992, EPA
2002a). Silt fences can channelize runoff resulting in more severe erosion. Reductions in
species diversity have been linked to the number of hours sediment load exceeds 1,000
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mg/L, a sediment concentration that is frequently two orders of magnitude below that in
runoff from most construction sites (USEPA 2002a).
Applicable to the present study area in South Carolina, the sediment controls on
land development require that 80% of suspended sediment in storm water be removed
(SCDHEC 2002). However, the remaining eroded soil (up to 20%) that leaves the
development site with storm water can be harmful to aquatic ecosystems, especially on
large land developments where the allowable 20% of eroded soil migrating into receiving
streams results in a loading of tons of sediment during the period of construction. In
addition, depending on local watershed characteristics, the allowable eroded soil particles
are likely to be fine (clay, <2µm) and can stay suspended for days to weeks in surface
waters. In New Zealand streams, even small increases in total suspended solids (TSS)
concentrations (8-10 mg/L) have been shown to impact benthic macroinvertebrate
densities (Quinn et al. 1992).
Stormwater, which often carries sediment and other pollutants, must also be
controlled. For storm flows from urbanized land in South Carolina, post-development
peak stream discharges should not exceed pre-development discharges for the 2- and 10year 24-hour storm events (SCDHEC 2002). However, the regulation does not include a
requirement for cumulative storm flow volume. Thus, if peaks are maintained at predevelopment levels, the length of time that a stream endures peak flow is greatly
increased due to an increase in the runoff volumes and those storm events become
chronic stresses to the stream. It has been observed that discharges are considerably
higher in developing watersheds, even with the use of BMPs (Hur et al. 2008).
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Research has demonstrated that BMPs can provide some mitigation of stormwater
impacts, but the resulting stream communities are different than pre-development stream
communities (Jones et al. 1996). However, BMPs did not attenuate the impacts of
urbanization once watershed urbanization reached 20% impervious cover (Maxted and
Shaver 1996). The use of BMPs did not prevent the loss of sensitive species (e.g.,
mayflies, stoneflies, and caddisflies) after development and community indices did not
significantly differ between sites with and without BMPs (Maxted and Shaver 1996).
Current strategies to mitigate the effects of urban land use are not effective in protecting
aquatic ecosystems (Booth and Jackson 1997).
The need for research to address the impacts of physical stressors has been
recognized throughout the literature and government reports (USEPA 2000, USEPA
2002b). In 2002, the USEPA acknowledged that research was needed to establish
ecologically relevant criteria for habitat, sediment, and flow (USEPA 2000, USEPA
2002b). Improving regulatory methodologies to include the use of quantitative and
predictive relationships linking the relationship between urbanization and biological
integrity is essential to preserve stream communities (Wang et al. 2001).
Low impact development (LID) techniques which promote infiltration of rainfall
(e.g., rain gardens, pervious pavement) have not yet been widely adopted to assess the
effects on receiving streams, but they have great potential to achieve ecological
improvements in urban streams (Walsh et al. 2005ab). Because LID techniques are
applied throughout the watershed (Walsh et al. 2005a), they begin to control the
hydrologic variation that is at the top of the cascade of effects due to urbanization. In
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addition, LID techniques can help to control pollutant loading from impervious cover
because they reduce the connectedness of the watershed hydrology (Walsh et al. 2005a).
As highlighted by Booth and Jackson (1997), changes in a natural system are a
continuum and thresholds of adverse impacts are defined by perception of and tolerance
for changes in those natural systems, which provide a basis for the evaluation of impacts
and management decisions. Some significant degree of biological decline is unavoidable
in a watershed that is slated for land use change because the watershed has been altered
for the foreseeable future. The post-development aquatic ecosystems may have habitat
and biological communities, but the idea of biological structure and function will be
different from pre-development standards (Jones et al. 1996, Konrad and Booth 2005).
The advancement of regulations will have to rely on social, natural, and physical
scientists in order to be effective and deliver results in protecting streams from
urbanization through new development attitudes and techniques.
Watershed-Level Ecological Risk Assessment
Ecological risk assessment is “a flexible process for organizing and analyzing data,
information, assumptions, and uncertainties to evaluate the likelihood of adverse
ecological effects” (USEPA 1998). It is an important element to include in
environmental decision-making processes because it provides a quantitative, documented
process for selecting a course of action based upon scientific information, and can also
incorporate other factors such as social, legal, political, and economic considerations
(USEPA 1998). The ecological risk assessment process includes three phases: problem
formulation, analysis, and risk characterization (Figure 1.1, USEPA 1992).
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Based on the USEPA’s framework for ecological risk assessment (USEPA 1992,
1998), the problem formulation develops goals and selects assessment endpoints for the
process. These are included in a conceptual model of the exposure pathways. Also in the
problem formulation phase, an analysis plan is developed to guide the second phase. The
analysis phase allows assessors to evaluate stressor-response relationships for ecological
endpoints. This information is then incorporated into a third phase, risk characterization,
in which assessors estimate risks through the integration of known or predicted exposures
to stressors and levels of ecological effects. Throughout the process, but especially in the
risk characterization phase, stakeholders are able to evaluate the data to support a
management decision based on clearly explained results and their inherent assumptions
and uncertainties (USEPA 1992, 1998).
Sources of uncertainty in an ecological risk assessment often derived from the
scientific data. Assumptions must be made in the analysis phase of the assessment
regarding parameters used in exposure scenarios (USEPA 1998). In some cases, an
increase in the number of measurements can reduce uncertainty. However, some
parameters used in assessments have inherent variability, such as differences in chemical
sensitivity among different species or variability in soil organic carbon, and are addressed
through a description of the data’s distribution with percentiles (USEPA 1998).
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Figure 1.1. U.S. Environmental Protection Agency’s Framework for Ecological Risk
Assessment (USEPA 1998).
The ecological risk assessment framework is especially useful when addressing
problems involving multiple and non-chemical stressors, such as those associated with
land use change activities (Butcher et al. 1997). One advantage of conceptual models
that are developed in the first phase of a risk assessment is that they visually describe
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cascading effects, which may not be immediately apparent to decision-makers (Serveiss
2002). This is particularly relevant when examining projects that cover a large scale,
such as a watershed. Using the ecological risk assessment process at a watershed level
allows stakeholders to prioritize watershed impacts and use a logical and systematic
method to incorporate scientific information into the decision-making process (Serveiss
et al. 2000, Serveiss 2002).
Purpose and Objectives of Current Study
The current study examines and quantifies the impacts of land use change on
stream ecosystems in the upper piedmont ecoregion of South Carolina. Unlike literature
studies described above which examine snapshots of land use on an urban gradient, the
study examines how ecosystem degradation happens through time as well as across
basins that cover an urban gradient. This approach allows for quantification of the land
use and stressor relationships and stressor-response relationships for use in management
processes, such as ecological risk assessment. The objectives of this study included: 1)
to quantify the cascade of events that occurs in streams following watershed land use
changes and derive predictive models relating land disturbance to stream degradation
metrics, 2) to demonstrate the use of quantitative relationships among the physical,
chemical, and biological stressors associated with land use change in an established
ecological risk assessment framework and 3) to identify the geographic extent of these
relationships and identify the similarities and differences between urbanizing watersheds
and established urban watersheds.
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CHAPTER TWO
IMPACTS OF LAND DISTURBANCE ON AQUATIC ECOSYSTEM HEALTH:
QUANTIFYING THE CASCADE OF EVENTS
Introduction
Land development is occurring rapidly across the United States (U.S.) as urban
sprawl spreads from major cities. Small changes in land use can lead to large changes in
aquatic ecosystem health, as documented by changes in hydraulic, chemical, and
biological variables (Roesner and Bledsoe 2003). Often, physical stressors associated
with land use change significantly alter streams, thereby compromising their biotic
integrity, even before chemical stressors are detected. Although great strides have been
made to reduce the effects of chemical stressors from point sources through legislation
(e.g., Clean Water Act), basin-wide physical stressors resulting from land use change
have not been effectively regulated.
The development of land from forest or agricultural uses to urban or suburban uses
alters the hydrology of a watershed ultimately leading to a decline in the biotic integrity
of streams (Quinn and Hickey 1990, Clausen and Biggs 1997, Morley and Karr 2002,
Roesner and Bledsoe 2003, Konrad and Booth 2005, Gregory and Calhoun 2007).
Research has demonstrated that an increase in impervious cover during land development
results in an alteration of the hydrologic regime (Cormier et al. 2000, Roesner and
Bledsoe 2003, Fitzpatrick et al. 2005, Konrad and Booth 2005). Base flow is reduced
because there is less infiltration of precipitation to recharge the shallow groundwaterstream flow system (CWP 2003). Flood peaks are often elevated (and lag-times reduced)
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by enhanced runoff from impervious cover. These enhanced high flow regimes have a
direct impact on organisms by scouring streambeds, by killing organisms subjected to
stress or suspended sediment, and by transporting organisms downstream (Konrad and
Booth 2005). Bed deposition of sediment may fill in the interstitial habitat as erosion
from the altered landscape occurs in response to denuded vegetation and increased runoff
(Booth 1990, MacRae and Rowney 1992). Channel cross-sectional area has also been
shown to increase, usually through stream bank erosion, to accommodate the increase in
flow volumes (MacRae and Rowney 1992). The loss of biotic integrity in streams can
also result from the loss of habitat associated with changes in bed topography and/or from
the direct toxicity of suspended sediments and their physiological effects on organisms
including gill irritation and feeding impairment (USEPA 2003).
The need for research to address the impacts of physical stressors has been
recognized in government reports (USEPA 2000, USEPA 2002). In 1998, the U.S. EPA
reported that 40% of assessed river miles in the U.S. had problems with sediment stress
and, in 2002, they acknowledged that research was needed to establish ecologically
relevant criteria for habitat, sediment, and flow (USEPA 2000, USEPA 2002b).
By examining multiple watersheds throughout the actual process of land
development, relationships between land use and in-stream parameters can be
quantitatively linked and modeled to predict stream degradation. Developing a
quantitative process to predict the potential for biotic decline in streams is crucial to
developing strategies to regulate the impact of land use change. Such an understanding
can be effectively obtained using an ecological risk assessment framework. From this
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perspective, physical stressors, such as changes in flow regime and habitat, are forms of
exposure that are the risk drivers for ecological effects and must be addressed. Based on
the above discussion, a mechanism of stream degradation resulting from land use change
is proposed (Figure 2.1). The objective of this study was to quantify the cascade of
events that occurs in streams following watershed land use changes and derive predictive
models relating land disturbance to stream degradation metrics. This study examined
watersheds quantifies the impacts during the process of urbanization, whereas literature
studies frequently examine a snapshot of conditions on an urban gradient. Many of the
relationships in the conceptual model (Figure 2.1) have been qualitatively related, but
quantitative relationships established in this study are more useful for improving
regulations and promoting sustainable development. This study focused on small, firstorder streams because research has shown that biological integrity of small headwater
streams (<5200 hectare basin area) is most severely impacted by urbanization (Yoder and
Rankin (1995) and the impacts on the streams in this study were not confounded by other
activities or discharges in the watersheds.
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Figure 2.1. Proposed conceptual model of stream degradation for a stream in a watershed
undergoing land use change from forested or abandoned agricultural land to urban land
use.
Methods
Study Area
Data on multiple parameters were collected from three watersheds in the rapidly
developing Greenville, SC, USA area (Figure 2.2). Each study site was located near the
outlet of the watershed and was mapped by global positioning (GPS; Garmin 76CX,
Garmin, Olathe, KS, USA). Digital Elevation Models (DEM) created using geographic
information systems (ArcGIS v 9.2, ESRI, Redlands, CA, USA) and ArcHydro tools
were used to delineate subwatershed boundaries within the study areas (Goddard 2005).
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Figure 2.2. Map of study watersheds located in the Saluda-Reedy Watershed, SC, USA.
Stars () represent study locations.
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The three watersheds collectively form a continuum from highly to minimally
impacted and include Lost Creek (51 hectares), Knight Creek (31.5 hectares), and a
portion of Baldwin Creek (BC5, 144 hectares) (Table 2.1). The Lost Creek watershed is
highly developed (5-50% of watershed area during study), the Knight Creek watershed
has a moderate level of development (0-10% of watershed area during study), and the
Baldwin Creek (BC5) watershed is minimally developed (<5% of watershed area) and
had no active development during the course of this study. The BC5 site is located on a
tributary stream of the Baldwin Creek watershed. Soils data and a 30-meter resolution
digital elevation model (DEM) for the Simpsonville quadrangle in South Carolina was
obtained from the South Carolina Department of Natural Resources (SCDNR 2007) and
analyzed by ArcGIS for watershed soil coverage area and slope. National Land Cover
Database information from 2001 was obtained from the United States Geological Survey
(USGS 2007) and the pre-development watershed land coverage was determined using
ArcGIS. The watersheds were selected to be as similar as possible based on planned
development and cooperation of land owners. The watersheds were less than four
kilometers apart, and were therefore assumed to be similar in climate and geology.
Additional watershed characteristics, including watershed slope, hydrologic soil group
were comparable and are outlined in Table 2.1. Because watersheds were similar in
physical characteristics, the watershed data sets were grouped together for analysis. Predevelopment land use was similar in the developing watersheds (Lost and Knight
Creeks), but dominated more by herbaceous or abandoned pasture land use in the
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reference watershed (Baldwin Creek). Differences in soil classifications and predevelopment land use could explain variability in relationships among streams.

Table 2.1. Comparison of Study Watershed Characteristics.

Hectares
% Watershed Area Developed
Initial Land Clearing
Home Building Begins

Lost Creek
50.96
50%
Winter 200203
Summer
2003

Knight
Creek
31.5
9%
Nov.
2004
Jan.
2006

Watershed Slope
Average
29%
38%
Pre-development Dominant Vegetation Type1,*
Pasture/Hay (abandoned)
0%
3%
Forest
96%
86%
Grassland/Herbaceous
0%
1%
Other
4%
11%
Hydrologic Soil Group
B
B
2,*
Dominant Soil types
Cecil
16%
28%
Madison
61%
41%
Pacolet
23%
29%
Cartecay and Toccoa
1%
0%
Hiwassee
0%
0%
Other
0%
2%
*Some values may not add up to 100% due to rounding.
1
USEPA 2001
2
USGS 2007

Baldwin
Creek
(BC5)
144
<5%
June 2007
n/a
23%
54%
24%
8%
14%
B
16%
54%
0%
3%
22%
4%

Study Design
Extensive monitoring was conducted on Lost, Knight, and Baldwin creeks from
October 2003 to October 2007 (Table 2.2). Stream study sites included a permanent
survey cross-section and a velocity and stage point monitor/sampler located at the
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watershed outlet. Collected data include monthly land use inventory, monthly crosssectional surveys of channel morphology, monthly habitat assessments, continuous flow
and precipitation data, periodic baseflow and storm event water quality, quarterly bed
sediment particle size surveys, and quarterly benthic macroinvertebrate surveys.

Table 2.2. Table of study metrics, measurement frequency, and time period
for Lost, Knight, and Baldwin Creeks.
Parameter
Frequency
Time period
Normalized Disturbance Index
(NDI)

quarterly

Percent Impervious Cover (%IC)

monthly
quarterly

% rainfall as runoff
Coefficient of Variation for stream
cross-sectional area (CV)
Storm Event Water Quality
(includes TSS, metals)
Baseflow Water Quality (includes
pH, temperature, and DO)

monthly
storm events
<1"
monthly
storm events
<1"
quarterly

Jan. 2003 - Jan. 2006
Feb. 2006 - Feb.
2008
Jan. 2003 - Jan. 2006
Feb. 2006 - Feb.
2008
Oct. 2003 - Jul. 2007
Feb. 2006 - Feb.
2008
Oct. 2003 - Jul. 2007
Jul. 2003 - Apr.
2007

Habitat (Rapid Bioassessment
Protocol)

monthly

Bed Sediment Size

quarterly

Feb. 2006 - Feb.
2008
Jul. 2003 - Apr.
2007

quarterly

Oct. 2002 - Apr.
2007

Benthic invertebrate indices (BIBI
and NCBI)
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Land Use Change
A disturbance index was developed to quantify land use change. This index was
designed to be simple to facilitate regular evaluation by minimally trained personnel.
Residential development in the study watersheds was estimated between January 2003
and February 2006 based upon periodic visual observations of development progress (i.e.,
land clearing, road paving) and developer records. Beginning in February 2006, land use
change from forested and abandoned agricultural land to suburban residential land use
was monitored on a monthly basis by visual observations. Individual lots were ranked on
a scale of zero to six (Table 2.3) in which development stages with large areas of exposed
land (e.g., cleared, exposed soil) were scored higher than those development stages with
significant plant cover (e.g., completed house with landscaping present). Roads were
ranked as either a value of one or six, depending on if the road was paved (Table 2.3).
The use of BMPs was assumed to be the standard practices required by South Carolina,
USA and not incorporated into the disturbance index (SCDHEC 2002). Numerical lot
and road disturbance rankings, d, were area-weighted based on lot and road areas, A,
obtained from Greenville County, SC, USA property records (Greenville County 2007).
Values were normalized by the maximum disturbance level for the watershed
(6*watershed area, WSA) and multiplied by 100 to produce a watershed normalized
disturbance index (NDI, equation 1).
(1)
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Table 2.3. Disturbance Index Rankings
Rank
Description
0
Undisturbed Area
6
Cleared lot or unpaved street
5
Building Foundation
4
Building Framing
3
Ongoing Exterior construction
2
Exterior construction complete
1
Building complete, no bare soil, landscaping installed; paved roads
Watershed impervious cover data (%IC) were based on impervious cover statistics
for similar residential settings (SCS 1975). Using Soil Conservation Service data (SCS
1975), average impervious covers for 0.13 to 0.2 hectare developments were interpolated
to determine the average impervious cover of this development to be 28% (average lot
size=0.19 hectares, σ=0.06 hectares). Development lots in the Lost Creek and Knight
Creek Watersheds were of similar size. Impervious cover values were estimated by
development data. Because during development, unquantified intermediate levels of
imperviousness are reached through soil compaction, it was not possible to be exact with
impervious cover values. Thus, once a lot or road began to be developed (i.e., lot is
cleared, d=6), the lot or road area, Al or Ar, it contributed to impervious cover. Lots were
considered to be 16% impervious cover throughout lot development and road areas as
100% impervious cover, which at completed development, results in an overall
development impervious cover of 28% (equation 2).
(2)
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Stream Geomorphology
Stream cross-sectional surveys were conducted yearly from 2003-2005 and
monthly beginning in February 2006 at permanent locations following United States
Department of Agriculture (USDA) Forest Service methods as described by Harrelson et
al. (1994) and using a Leica survey unit (NA720, Leica Geosystems, St. Gallen,
Switzerland). Data were analyzed to determine cross-sectional area using Reference
Reach Spreadsheet (v1.3, D. Mecklenberg, Ohio Department of Natural Resources,
1999). Variability in cross-sectional area (σ) relative to the average area,

, was

quantified using a running coefficient of variation over the course of the study (equation
3). A running CV was used to capture the change in cross-sectional area variability with
monthly measurements. The CV of cross sectional area was calculated with a minimum
of three measurements and included an additional measurement for each consecutive
month.
%

(3)

Hydrology
A point monitor and sampler (ISCO-6712; TeledyneISCO, Lincoln, NE, USA) for
stage, velocity, and rainfall were located at each study location. Data were downloaded
into Flowlink software for analysis (Flowlink 5.03.019; ISCO, Lincoln, NE, USA). Flow
conversions were computed within the Flowlink software using stage-area relationships
derived from the stream cross-sectional surveys.
Although lag time or runoff rates also change along with land uses, percent rainfall
as runoff was used to quantify changes in hydrology because it could be incorporated into
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later studies as a quantifiable management objective for best management practices
(BMPs). Percent rainfall as runoff was quantified by a modified version of the variable
slope method (Chow et al. 1988). Pre- and post-event baseflows were linearly
extrapolated to and connected at the time of peak flow (Figure 2.3). The area under the
hydrograph and above the line of extrapolated baseflow was considered event runoff.
Percent rainfall as runoff was calculated for storm events from 2004-2006 for events that
were less than 2.54-cm of measurable rainfall at each monitoring station. Events less
than 2.54-cm represent approximately 80% of storm events in the area (Barfield et al.
2005).

Figure 2.3. Example hydrograph showing baseflow separation. Based on a modified
version of the variable slope method (Chow et al. 1988). Runoff volume is represented by
the area between the storm event hydrograph and the extrapolated baseflow line.
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Water Quality
Samples collected by the ISCO automated sampler were analyzed for TSS
following Standard Method 2540D (Eaton et al. 2005). Twenty-four hour maximum
storm event TSS concentrations were calculated for each storm event (<1-inch rainfall;
2.54cm) by taking the maximum value in a moving 24-hour average of TSS
concentrations throughout the duration of the storm event. Water quality samples were
taken more frequently on the rising limb of the storm event than on the falling limb in
order to capture the first-flush increase in sediment loading. To account for the irregular
sampling intervals during the storm, each sample was associated with a time interval that
extended from a point in time halfway between the sample and the preceding sample to a
point in time halfway between the sample and the following sample. Neither ‘‘halfwindow’’ exceeded 3-hours in length and in most cases was 1-hour. This is similar to
methods described in Solomon et al. (1996).
The point monitor was triggered manually to collect baseflow and by rainfall for
storm event water quality samples. pH was measured on storm event samples using an
Orion-Ross combination pH probe (Orion model 525A+, Orion Research, Beverly, MA,
USA). Storm event samples were acid-digested (10% HNO3, standard method 3030E,
Eaton et al. 2005) for a standard total metals (Al, B, Ca, Cu, Fe, K, Mg, Mn, Na, P, S, and
Zn) analysis by inductively coupled-plasma-atomic emission spectroscopy using standard
method 3125B (Eaton et al. 2005, Spectro CIROS VISION, Spectro Analytical
Instruments, Inc. Fitchburg, MA, USA). A subset of samples were filtered through a
0.45-µm Pall-Gelman nylon filter, placed in sample vials, and immediately acidified with
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HNO3 for dissolved metals analysis (standard method 3030B, Eaton et al. 2005). Storm
event metals concentrations were averaged for each event and compared to site-specific
acute water quality criteria (Al: USEPA 1985, Cu and Zn: USEPA 1995). Hardness was
calculated based upon total Ca, Mg, Fe, and Mn concentrations. Toxicity comparisons to
acute water quality criteria were made for Al, Cu, and Zn. The other metals did not have
acute water quality criteria. Lack of data on other metals with acute water quality criteria
is an uncertainty.
Instream temperature, dissolved oxygen and pH were monitored during quarterly
benthic macroinvertebrate sampling events at riffle areas. Temperature, dissolved
oxygen, and conductivity were taken with YSI Model 30 and 55 (Yellow Springs
Instrument, Yellow Springs, OH, USA). Measurements of pH were taken with a
Beckman 255 Series Meter (Beckman-Coulter, Inc., Fullerton, CA, USA). Meters were
laboratory calibrated each day prior to field use.
Habitat Assessment and Bed Sediment Particle Size
Stream habitat was monitored quarterly from 2003-2005 and monthly beginning in
February 2006 using EPA’s Rapid Bioassessment Protocol (RBP) for low gradient
streams (Barbour et al. 1999). A minimum of two habitat assessments were conducted at
each site and results were averaged. Quarterly reach-wide zig-zag pebble counts
(minimum of 100 samples) to obtain the median bed sediment particle size (D50 in mm)
were conducted at each study site according to methods described by Bevenger and King
(1995).
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Benthic Macroinvertebrates
Benthic macroinvertebrate communities were chosen to examine effects of
urbanization on biotic integrity. Benthic macroinvertebrates have consistent responses in
diversity with urban land use, regardless the size of the catchment (Paul and Meyer
2001). Therefore, they are appropriate for examining the potential for geographic
differences influencing the response to urbanization. Characterization of the benthic
macroinvertebrate community assemblage was accomplished on a quarterly basis through
the use of time-quantified (30 man-minutes), multi-habitat sampling (Barbour et al. 1999,
SCDHEC 1998). The sampling was conducted with a D-net fitted with 500-micron mesh
size netting (Wildco, Buffalo, NY, USA). Sampling time included only the active
collection of aquatic macroinvertebrates from the water body and did not include sorting
macroinvertebrates from detritus or sampled material. D-net collected samples were
washed through U.S. Standard No. 35 sieves (500 micron). Collected material was
labeled, preserved in 95% ethanol, and returned to the laboratory.
In the laboratory all samples were sorted, identified, and enumerated.
Identifications were to the lowest taxonomic level possible using up to 750x
magnification on a dissecting scope or up to 1000x magnification on a compound
microscope. Early instar larvae and damaged organisms were taken to the lowest
taxonomic level possible and noted on the bench data sheet; these methods follow those
described by the U.S. Geological Survey (Moulton et al. 2000). Organisms that could not
be identified to a species level were assigned a “sp.” designation. In this study the
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identification of organisms within the phylum Annelida concluded at the “class” or
“order” level.
Benthic macroinvertebrate data were used to calculate the North Carolina Index of
Biotic Integrity (NCBI; Lenat 1993) and the Benthic Index of Biotic Integrity (B-IBI;
Kerans and Karr 1994). The NCBI was calculated using pollution tolerance values
(where high values indicated poor biotic integrity) based upon values by Lenat (1993).
Data were ecoregion adjusted for the Piedmont ecoregion and calculations were based
upon methods described in the South Carolina Standard Operating Procedure (SCDHEC
1998).
For the B-IBI, taxa were assigned to functional feeding groups (FFGs) based on
Barbour et al. (1999). The original B-IBI was modified to exclude metrics that we could
not calculate based upon our data (Table 2.4). Similar to the approach by Roy et al.
(2003), metric scores were calculated as continuous variables (0-10) by dividing the raw
metric, x, for a site by the 95th percentile (x95, for metrics that decrease with disturbance)
and multiplying by 10 (Minns et al. 1994). For those metrics that increase with
disturbance, equation 4 was used (formula corrected from Roy et al. 2003 based on
personal communication with author):
(4)
Any score that exceeded 10 was reduced to 10, so the maximum possible score for
the B-IBI was 120 (where higher scores indicated good biotic integrity). Final B-IBI
scores were checked for normality to avoid problems in later regression analyses. The B-
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IBI scores were normally distributed, based on the Shapiro-Wilks test, and were not
transformed.

Table 2.4. Benthic Macroinvertebrate Metrics included in the Benthic
Index of Biotic Integrity (B-IBI)*
Expected
Response with
Metric
Disturbance*
1 Total taxa richness
Decrease
2 Ephemeropteran taxa richness
Decrease
3 Trichopteran taxa richness
Decrease
4 Plecopteran taxa richness
Decrease
5 Proportion of corbicula
Increase
6 Proportion of Oligocheates
Increase
7 Proportion of 2 most abundant taxa
Increase
8 Proportion of Omnivores
Increase
9 Proportion of Filters
Increase
10 Proportion of Scrapers
Decrease
11 Proportion of Predators excluding chironomids
Decrease
12 Total abundance
Decrease
* Direction of disturbance and metrics from Kerans and Karr (1994).
Metrics omitted from this study include proportion of individuals as
scavengers and intolerant snail and mussel species due to inadequate
data.

Regression Analysis
All data were inspected for quality assurance and quality control according to
standard procedures at the Institute of Environmental Toxicology at Clemson University
(Clemson 2004). Data for all sites were pooled and simple linear regression analyses
were conducted using SAS (SAS v9.1, SAS Institute, Cary, NC, USA) to form
quantitative relationships between the NDI and individual response variables. Linear
stepwise regression was used to determine relationships of the NDI to the individual
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physical stressors. Stepwise regression was to determine multivariate predictive
relationships for TSS, the B-IBI, and the NCBI. The %IC was not included in the
multivariate predictive regressions because it had a strong relationship to NDI (R2=0.98).
Also, in comparison to the NDI, %IC is more difficult to accurately measure on a
developing watershed. The numbers of observations for each regression varied based on
the frequency of measurement for the stressors analyzed and are presented in the results.
Regressions were screened using stepwise regression and all-possible regression analyses
using the following criteria: Mallow’s C(p), R-square values, and the mean square error
(MSE). Variables significant at the α=0.05 level were retained in the model. Because the
possible variables were taken on different time intervals, the inclusion of several
variables often limited the size of the dataset. Once significance was determined, the
dataset often grew when those variables with limited data (i.e., CV of cross sectional
area) were excluded. The initial screening of variables included all relevant measured
variables and their interactions (TSS multivariate regression: NDI, event size, event
intensity, CV of cross sectional area, percent rainfall as runoff; B-IBI and NCBI
multivariate regression: NDI, percent rainfall as runoff, TSS, CV of cross sectional area,
median bed sediment size). Habitat was not included in the predictive regressions for the
benthic macroinvertebrate indices due to multi-collinearity. Multi-collinearity indicates
that two variables are highly correlated causing coefficient estimates to be inaccurate
(Mendenhall and Sincich 2003).
Once the significant variables were determined, the data were screened for outliers
using studentized residuals, leverage, and studentized deleted residuals, DFFITS and
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DFBETAS (Mendenhall and Sincich 2003). Outliers were removed if they exceeded
three or more of the criteria values listed above. Once outliers were removed, a final
regression model was determined and residuals were checked for normality by a normal
probability plot. Predictive, multivariate regressions were run using the NDI as a
measure of development with other possible predictive terms from the conceptual model
(Figure 2.1) and the interactions of those terms.
An ordinal scale for the normalized disturbance index can be analyzed with
traditional linear regression methods based upon two assumptions. The first is that our
ordinal scale can be treated as a cardinal scale, which is justified by a result from
McCullagh and Nelder (1983). It states that if an ordinal scale is invariant to groupings
of the original underlying scale, the form of the conclusions will be unaffected. Our
disturbance values are a combination of an actual underlying disturbance scale, and are
invariant. The second assumption is that the means of the disturbance categories can be
treated as normally distributed random variables. This is justified by the Central Limit
Theorem (Mood et al. 1974), which states that regardless of the actual distribution of the
original observations, an average of several observations tends to behave as a normal
random variable.
Results
Water Quality
Water quality results are summarized in Table 2.5. Based upon a subset of
dissolved metals analyses, data for dissolved copper and zinc were approximately 10% of
the total metals concentration. Copper and zinc were the only metals that had dissolved
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acute water quality criteria (AWQC). Simple averages of appropriate metal
concentrations for all water quality samples for a storm event were compared against
AWQC after adjustments for site-specific average hardness, where appropriate (total Al:
USEPA 1985, dissolved Cu and dissolved Zn: USEPA 1995). The analysis of storm
event concentrations included 28 Lost Creek storm events, 26 Knight Creek storm events,
and 20 Baldwin Creek storm events. Average storm event dissolved copper
concentrations exceeded AWQC at low frequency (<25% of samples) and those samples
that exceeded copper criteria were of similar magnitudes across all sites. The average
duration of copper AWQC exceedence varied without relationship to development
(Baldwin, BC5: 11.4 hours, s=10.2 hours; Knight: 7.0 hours, s=8.2 hours; Lost: 15 hours,
n=1). Average storm event dissolved zinc concentrations exceeded AWQC at only the
Knight Creek site for approximately 4% of storm events at a magnitude of approximately
15 times the AWQC. Aluminum had an increasing number of storm events that exceeded
AWQC as the watersheds became more developed. Total aluminum exceeded AWQC in
14.29%, 50%, and 85.71% of storm events for Baldwin Creek (BC5), Knight Creek, and
Lost Creek, respectively. The magnitude at which concentrations exceeded AWQC also
increased with development from 2 to 30 times the AWQC for total aluminum. Similar
to copper AWQC exceedences, the average duration of exceeded AWQC for aluminum
varied without relationship to development (Baldwin, BC5 6.9 hours, σ=5.3 hours;
Knight 5.8 hours, σ=5.9 hours; Lost 11.49 hours, s=8).
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Table 2.5. Summary of Water Chemistry Data for Lost, Knight, and Baldwin
Creeks.
Mean
Value

σ

# of
samples

Lost
Knight
Baldwin

6.63
6.70
6.76

0.27
0.26
0.29

25
18
19

6-8.5 7

Lost
Knight
Baldwin

6.07
6.04
6.53

0.44
0.48
0.74

16
16
17

6-8.5 7

Dissolved Oxygen (mg/L) 4
Lost
Knight
Baldwin

7.5
8.9
9.4

2.3
1.6
1.4

16
16
17

5 mg/L 7,8

Hardness (mg/L CaCO3) 2
Lost
Knight
Baldwin

38.78
27.20
12.01

13.09
61.60
3.70

25
21
20

n/a

Temperature (Celsius) 4
Lost
Knight
Baldwin

13.96
14.76
14.80

6.15
6.46
4.67

16
16
17

n/a

Lost

0.003

0.003

26

0.005 mg/L 9

Knight

0.002 6

0.002

26

0.002 mg/L 9

Baldwin

0.001

0.001

23

0.002 mg/L 9

Lost

0.004

0.002

26

0.047 mg/L 9

Knight

0.018 6

0.06

26

0.018 mg/L 9

Baldwin

0.023

0.002

23

0.017 mg/L 9

Total Aluminum 2
Lost
Knight
Baldwin

6.10
2.78
0.65

5.17
3.62
0.86

26
25
19

0.75 mg/L 10

Parameter

Creek

AWQC 1

pH 2

pH 4

Dissolved Copper 2, 5

Dissolved Zinc 2,5
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Parameter

Creek

Mean
Value

Total Suspended Solids (mg/L TSS) 3
Lost
100.3
Knight
90.9
Baldwin
1

Acute Water Quality Criteria

2

Indicates storm event measurement

14.7

σ

# of
samples

AWQC 1

86.3
105.9

14
13

n/a 11

6.6

6

3

Indicates storm event maximum 24-hr time-weighted average concentration from samples
taken during a storm event of <1" total rainfall
4

Indicates baseflow measurement

5

Estimated as 10% of total metal concentrations

6

Without samples that exceed AWQC, average dissolved Zn = 0.003 mg/L (σ=0.002) and
average dissolved Cu=0.001 mg/L (σ=0.0007)
7
SCDHEC Bureau of Water. 2004. Water Classifications and Standards. Regulation 61-68.
Criteria for Freshwater.
8
Narrative Criteria stating that waters shall be free from "high temperature which are
harmful to human, animal, plant, or aquatic life"
9

Hardness adjusted based on average hardness listed in table and AWQC

10

Total Aluminum Criteria

11

Standard is based on turbidity, not TSS.

Baseflow dissolved oxygen concentrations were within 80% of saturation at
Baldwin Creek (BC5) and Knight Creek and within 65% of saturation at Lost Creek.
One measurement in July 2004 at Lost Creek had dissolved oxygen at 25% of saturation.
Over the course of the study, baseflow pH values averaged 6.53, 6.04, and 6.07 (s=0.74,
0.48, and 0.44) for Baldwin (BC5), Knight, and Lost Creeks respectively. Storm event
pH values averaged 6.76, 6.70, and 6.63 (s=0.29, 0.26, and 0.27) for Baldwin (BC5),
Knight, and Lost Creeks, respectively.
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Quantitative relationships of physical and biological
variables with land use change
Individual quantitative relationships were established using linear regression for
each variable’s relationship with the NDI (Table 2.6; figures in Appendix A). The NDI
was strongly related to %IC (p<0.0001, R2=0.98, n=91). Increased levels of land
disturbance (as measured by the NDI) resulted in significant increases in percent rainfall
as runoff (p=0.0062, R2=0.32, n=22) and 24-hour maximum storm event TSS
concentrations (p=0.0066, R2=0.36, n=19). Negative relationships with increasing
disturbance were significant for the habitat index (p<0.0001, R2=0.54, n=79) and median
bed sediment particle size (p=0.0023, R2=0.21, n=43). Baldwin Creek (BC5), the
reference site, showed no significant trends in median bed sediment particle size, percent
rainfall as runoff and 24-hour maximum storm event TSS over the course of the study.
Although the relationship between the coefficient of variation of the cross-sectional areas
(CV) and land disturbance was significant, the data was pooled and the trend was not
clear across watersheds (p=0.0197, R2=0.10, n=57, Figures A-4, B-5).
For the biotic indices, there was a significant negative relationship between the NDI
and the B-IBI (low values indicate poor ecosystem health, p<0.0001, R2=0.45, n=47) and
a significant positive relationship between the NDI and the NCBI (higher values indicate
poor water quality, p<0.0001, R2=0.60, n=49). A significant negative relationship was
established between the B-IBI and the NCBI and the habitat index (B-IBI: p<0.0001,
R2=0.48, n=35, outliers=3; NCBI: p=0.0010, R2=0.28, n=36, outliers=2). There was also
a significant negative relationship between the B-IBI and the NCBI with percent runoff
(Figures 2.4 and 2.5; p=0.0143, R2=0.30, n=19 and p=0.0402, R2=0.21, n=17,
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respectively). For Baldwin Creek (BC5), the reference site, the NCBI and B-IBI indices
did not significantly change over the course of the study (n=18). The individual
parameters included in the B-IBI (Table 2.4) all changed significantly in the expected
direction with increasing land disturbance (α=0.05, n=50) except proportion of
omnivores and proportion of Corbicula.

Table 2.6. Linear regression models with normalized disturbance index (NDI) for
Lost, Knight, and Baldwin Creeks.
Parameter
Estimates
Intercep
Slope
R2
n1
# of outliers
t
% impervious
-0.28
1.45
0.98*
91
6
Cover
24-hr maximum
13.07
13.59
0.36*
19
3
storm event TSS
2

% Rainfall as
Runoff 2
CV of crosssectional area
Median Bed
Sediment Size
Habitat Index
NCBI
B-IBI

2.52

1.47

0.32*

22

1

n/a3

n/a3

0.095*,4

56

1

6.19

-0.09

0.21*

43

4

164.8
4.36
94.47

-5.91
0.21
-2.19

0.54*
0.60*
0.45*

79
49
47

4
1
3

*significant at p<0.05
1
Number of data points varies among the comparisons because parameters were sampled at
different time intervals (NDI, % impervious cover, CV, Habitat: monthly; NCBI, B-IBI:
quarterly; TSS, Runoff: with rain events). This number represents the final model; outliers
were not included.
2
Based upon data from storm events that most closely aligned with the NDI measurement
time point.
3
Response direction was specific to each individual creek.
4
Significant relationship when data are pooled, but with a low R2 value due to clustering of
data set based on each individual creek.
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Figure 2.4. Relationship of percent rainfall as runoff (%runoff) to the B-IBI.
KC=Knight Creek, LC=Lost Creek, BC=Baldwin Creek (05). (p=0.0143, n=19,
outliers=0).

Figure 2.5. Relationship of percent rainfall as runoff (%runoff) to the NCBI.
KC=Knight Creek, LC=Lost Creek, BC=Baldwin Creek (05). (p=0.0402,
n=17, outliers=2).
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The habitat index showed differing trends in the different creeks. Lost Creek
habitat significantly declined with increasing NDI (p=0.0006, R2=0.33, n=32). The
habitat at the reference site, Baldwin Creek (BC5), also significantly declined over the
course of the study (p=0.0001, R2=0.55, n=21). In comparison, the decline in the habitat
index over the course of the study at Lost Creek was significantly greater than that at
Baldwin Creek (BC5, p=0.0018). The habitat at Knight Creek did not have a significant
trend with the NDI (p=0.3496, n=31), but was significantly decreasing over the course of
the study at a statistically similar rate to that of Lost Creek.
The cross-sectional areas of the creeks did not change significantly over the course
of the study, or with the NDI (Figures B-6-8). When relationships between CV and the
NDI were examined by individual creek, increasing land disturbance lead to a
significantly increasing CV at the Knight Creek site (p=0.0368, R2=0.23, n=19).
However, in Lost Creek, increasing land disturbance led to a decrease in the CV of the
cross-sectional area of the stream channel (p=0.0015, R2=0.52, n=16). The CV of the
cross-sectional area at Baldwin Creek (BC5), the reference site, significantly decreased
over the course of the study (p<0.0001, R2=0.82, n=19). In comparison, based on a
homogeneity of slopes test, CV values at the Baldwin Creek (BC5) site declined 1.7
times faster and were statistically different from those at the Lost Creek site over the
course of the study (p=0.0145).
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Quantitative predictive relationships among variables
Multivariate stepwise regressions were conducted to examine quantitative
relationships among the physical and biological parameters, which could be biological
assessment endpoints with regard to toxicity or biotic integrity. Twenty-four hour storm
event TSS concentrations were best predicted by the NDI when it remained a point
estimate for the time of the storm event (p=0.0066, R2=0.36, n=19, outliers=2). When
the NDI was averaged for the 3 months preceding the storm event, 24-hour storm event
TSS concentrations were best predicted by the interaction of the NDI and the event size
(inches of rainfall, p<0.0001, R2=0.6164, n=19, outliers=2, Figure 2.6).
For the benthic macroinvertebrate indices, the B-IBI was best predicted based upon
the CV for the cross-sectional area (p=0.0081) and the interaction of the NDI and the
percent rainfall as runoff (p=0.0005, R2=0.96, n=8, outliers=1, Figure 2.7). When the
predictive equation for the B-IBI is simplified via stepwise regression to eliminate any
possible interaction terms, the NDI is the sole significant predictor (p<0.0001, R2=0.45,
n=47, outliers=3). The NDI was the sole significant predictive variable for the NCBI
(p=0.0136, R2=0.61, n=49, outliers=1, Figure 2.8). Habitat was not included as a
potential predictor of the benthic macroinvertebrate indices because of strong
multicollinearity.
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Figure 2.6. Predictive regression for 24-hour storm event TSS concentrations using
NDI data that was averaged for the 3 months preceding the storm event (p<0.0001,
R2=0.6164, n=19, outliers=2). Event size is calculated using inches of rainfall.
Dashed lines represent a factor of two in variability from a perfectly fit model.

Figure 2.7. Predictive regression for the B-IBI (p=0.0005, R2=0.96, n=8, outliers=1).
All data are within a factor of two in variability from a perfectly fit model.
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Figure 2.8. Predictive regression for the NCBI (p=0.0136, R2=0.61, n=49, outliers=1).
All data are within a factor of two in variability from a perfectly fit model.

Discussion
Water Quality
Metal concentrations for Al, Cu, and Zn were below the toxic range in most storm
event samples and in all baseflow samples. For those that exceeded the toxic range for
copper, Baldwin Creek (BC5), the reference site, had comparable concentrations.
Toxicity of episodic copper exposures has been shown to be related to the copper
concentration, exposure duration, and exposure frequency (Diamond et al. 2006, Zahner
et al. 2006, Hoang et al. 2007). Based on average copper concentrations and average
length of AWQC exceedances, copper would not be expected to have acute toxic effects
on aquatic biota. The Biotic Ligand Model (BLM) to predict copper toxicity was not
used for toxicity comparisons in this study because it has been shown to underpredict
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copper toxicity in soft waters of South Carolina (Sciera et al. 2004, VanGenderen et al.
2005) and is still being calibrated for these waters (personal communication, A. Ryan and
R. Santore).
Aluminum concentrations exceeded acute water quality criteria more often than
copper and at greater magnitudes with increasing development across all three
watersheds. Aluminum is generally less toxic to invertebrates than to fish, and becomes
more toxic at lower pH values (Gensmer and Playle 1999). The storm event pH values in
our streams averaged 6.7 (σ=0.27), only slightly below a neutral pH. In addition, there
was a significant relationship between storm event TSS concentrations and land
development. The Lost and Knight Creek dominant watershed soils were Cecil and
Madison series (Table 2.1) and primarily kaolinitic (NRCS 2008), which can contribute
clay loadings due to upland erosion during construction. A previous study by Capper
(2006) reported that the composition of the in-stream clay fraction at Lost Creek included
60% kaolinite, 10% gibbsite, 5% mica, and smaller amounts of numerous other clays,
including smectite, which include aluminum in their structure. Storm event samples were
unfiltered and acid-digested for total aluminum analysis. Therefore, the aluminum
concentration reported may be from suspended clay particles and may cause TSS toxicity
rather than aluminum toxicity. Although AWQC were exceeded at similar magnitudes for
copper across all sites, zinc concentrations were below AWQC in most samples; only 4%
of Knight Creek samples exceeded AWQC. Because high aluminum values could be
attributed to TSS concentrations, it is likely that trends seen in the benthic
macroinvertebrates can be attributed to physical stressors associated with land use
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change, rather than metals concentrations. Copper and zinc are common pollutants in
urban runoff (Davis et al. 2001), therefore, because these metals do not exceed acute
water quality criteria may indicate that other metals in urban runoff that were not
measured are not of concern. Similarly, dissolved oxygen concentrations were above
70% of saturation at all sampling periods for Knight and Baldwin creeks and for 70% of
Lost Creek measurements. Lost Creek measurements were above 60% saturation for DO
in 94% of samples. In July 2004 at the Lost Creek site, dissolved oxygen was only 25%
of saturation, but benthic macroinvertebrate indices were not significantly different from
other sampling events in Lost Creek when dissolved oxygen dropped below 70% of
saturation.
Quantifying the Physical Stressors of Land Use Change
The normalized disturbance index (NDI) predicted the physical and biological
changes in a stream. The NDI was highly related to %IC, a widely used measure of
watershed development. An increase in NDI resulted in an increase in the percent
rainfall that becomes runoff in a watershed (Table 2.6). Flashier hydrographs, which
result from increased runoff, have been previously associated with increased impervious
cover or urban land cover (Roesner and Bledsoe 2003, CWP 2003, Konrad and Booth
2005, Bledsoe 2002).
High flows associated with urbanization and impervious cover often contain higher
concentrations of TSS (Konrad and Booth 2005). Water quality data indicated that
increased development resulted in higher TSS concentrations during storm events most
likely due to increased upland erosional sources (Table 2.6). This is similar to previous
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relationships presented in the literature (Booth and Jackson 1997, Roy et al. 2003). In
this study, because there was little significant geomorphic change, most of the TSS loads
were likely due to upland erosion, rather than stream bank erosion.
The multivariate predictive regression for 24-hour maximum storm event TSS
concentrations indicated that the average development level, for the preceding 3 months
to the storm event, was more predictive of TSS concentrations than the snapshot
development level at the time of the storm event (Figure 2.6). This suggests that the
contribution of sediment from upland erosional sources, as well as the sediment that has
accumulated in the stream channel from previous storm events must be considered to
accurately predict storm event TSS concentrations. Storm event size (in inches of
rainfall) was also a significant parameter as an interaction with NDI to improve the
predictability of TSS concentrations. The inclusion of event size and NDI relates the size
of the event to its potential for erosion and sediment transport capacity and is analogous
to the rainfall/runoff factor, R, and the cover and management factor, C, in the Revised
Universal Soil Loss Equation (RUSLE, equation 5, Renard et al. 1993), which is used to
predict soil erosion. Where A=average loss of soil tons per acre per year, R=rainfallrunoff erosivity factor, K=soil erodibility factor, LS=slope length and steepness factor,
C=cover management factor, and P=support practice factor.
A=R*K*LS*C*P

(5)

The predictive TSS equation could be used for regulatory purposes to predict storm
event TSS concentrations during development. Predicted concentrations can be compared
with TSS toxicity values for fish and macroinvertebrates to establish acceptable TSS
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storm event concentrations based upon probability of event occurrence and risk of
toxicity to sensitive species. There is limited data for fish and macroinvertebrates to
establish such criteria and additional studies would be needed to establish appropriate
toxicity based thresholds.
Higher flows and higher TSS concentrations with land use change could be
expected to result in changes in stream geomorphology. Urbanized watersheds often
undergo a widening and/or incision of the stream channel to accommodate higher flows
(Booth 1990, Booth and Jackson 1997, Bledsoe 2002). These changes could be measured
by changes in cross-sectional area (CWP 2003). However, in the context of this study, the
cross-sectional area did not change significantly as urbanization increased. The
variability in the cross-sectional area, as measured by the CV, was higher for streams
with watersheds undergoing intense development, indicating that CV may be driven by
sediment loadings. At the initiation of the study, Knight Creek had little active
development in its watershed and development increased over the course of the study,
resulting in an increase in the cross-sectional CV. In contrast, the intensity of active
development declined in the Lost Creek watershed as the residential area neared
completion, resulting in a declining CV nearly completed development for the Lost Creek
cross-sectional area. Lost Creek did not have the potential upland sediment sources that
Knight Creek’s active development does. The reference site, Baldwin Creek (BC5), also
had a declining CV, but its decline was significantly faster than that of Lost Creek, and
resulted from the addition of measurements over the course of the study. The decline at
Lost Creek may have been slower than that at Baldwin Creek (BC5) because it had
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developed a new equilibrium in response to the change in watershed land use prior to
data collection for this study. This hypothesis may be verified with continued monitoring
of the Knight Creek site to see if it establishes a new equilibrium condition when
development nears completion and upland sediment sources are eliminated. Although
each watershed may respond differently, the proximity of these watersheds and the
comparison of watershed characteristics (Table 2.1) lend confidence to comparing the
geomorphic changes in these watersheds.
Significant changes in geomorphology may be seen, but on a longer time scale than
what was covered by this study. It is important to note that geomorphic changes are
controlled by stream flow (Poff and Ward 1989). The study period presented here
represents years of moderate to extreme drought conditions, which could explain the low
degree of geomorphic change that was observed (NDMC 2008). In addition, Lost Creek
had a significant beaver dam located downstream of the study site, which might have
slowed normal flow at the cross-section location, contributing to the observed reduction
in erosional changes.
Alterations in flow regime and TSS can also impact the physical habitat for benthic
macroinvertebrates. Increased development resulted in a decline in stream habitat and
median bed sediment particle size (Table 2.6). Previous studies have also documented
the change in streambed sediment texture (Booth and Jackson 1997, Roy et al. 2003).
However, there was no correlation between measures of development and habitat indices
in Fitzpatrick et al. (2005), which examined larger watersheds (20-326 km2) with more
historical urbanized land use than this study. However, in those larger watersheds,
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channel enlargement was linked to urbanization (Fitzpatrick et al. 2005). In the smaller
watersheds examined in this study, habitat may be a better indicator of active land use
change than geomorphic variables because habitat indices show immediate changes in the
stream due to sedimentation and loss of stable substrate, whereas geomorphic changes
occur on a longer time scale. Both habitat and geomorphic changes are related to the
overall change in hydrologic regime, but habitat may be a more sensitive metric.
The habitat in the individual creeks during this study had different responses. The
habitat index had an overall negative response to increases in development (Table 2.6).
However, habitat at Knight Creek did not change significantly with development
measures. Knight Creek’s habitat was an intermediate value between the highly
developed Lost Creek and the reference site, which also corresponds to its level of
development. The habitat in Knight, Lost, and Baldwin (BC5) Creeks declined over the
course of the study, but the declines in Knight and Lost Creeks were significantly more
rapid than that in Baldwin Creek (BC5, p<0.05). The declines in Lost and Knight Creek
habitat indices were statistically similar (α=0.05). The declines seen in the Baldwin
Creek (BC5) habitat index were the result of significant declines in the channel flow
status parameter and bank vegetation parameter, which could be directly related to the
increasing severity of the drought during the study (NDMC 2008). Thus, the faster
decline in habitat at Lost and Knight Creeks can be attributed to the change in watershed
land use as shown by declines in scores for bank stability, pool variability, pool substrate,
epifaunal substrate/available cover, and sediment deposition (as defined by Barbour et al.
1999). Based on the classifications included in EPA’s Rapid Bioassessment Protocol
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(Barbour et al. 1999) and the quantitative relationship of NDI and habitat (Table 2.6), the
threshold for habitat degradation from sub-optimal to marginal habitat (RBP habitat score
of 100) occurs at a NDI of 10.96, or approximately 15.6% imperviousness. This
corresponds to similar thresholds of 8-20% for stream degradation with percent
impervious cover that have been established with other physical and biological
parameters (Booth and Jackson 1997, Paul and Meyer 2001, Swietlik 2002, CWP 2003,
Roy et al. 2003, Fitzpatrick 2004).
Both benthic macroinvertebrate indices had significant regressions with
development measures (Table 2.6), which indicate a decline in ecosystem health. These
results are comparable to those of a similar study (Roy et al. 2003). Other studies
correlating benthic macroinvertebrates and development have observed that there is no
change in the total number of organisms present, but rather a shift towards pollution
tolerant organisms, as measured by the NCBI, and a loss of functional diversity, as
measured by the B-IBI (Pederson and Perkins 1986, Jones and Clark 1987). This study
demonstrated a decline in functional diversity based on the decreased B-IBI score with
development and a shift towards pollution tolerant organisms based on the increased
NCBI score with development, but also showed a significant decline in the number of
organisms and taxa present with increasing development, which corresponds to the
findings of Benke et al. (1981) and Garie and McIntosh (1986) (Table 2.4). All
parameters included in the B-IBI had a significant expected response to urbanization
except proportion of Corbicula and proportion of omnivores (α=0.05).
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The significant relationship between the biotic indices and percent runoff is
supported by studies that reported that higher flood volumes and frequencies in streams
resulted in lower richness, diversity, and biomass of benthic macroinvertebrates (Quinn
and Hickey 1990, Clausen and Biggs 1997). In addition, flashiness and the B-IBI have
also been related (Morley and Karr 2002). For fish, it has been observed that two
ecologically distinct assemblages exist for hydrologically variable and hydrologically
stable streams (Poff and Allan 1995). The relationship of biotic indices and percent
runoff could indicate that this is a possibility for benthic macroinvertebrate populations as
well.
For the predictive regressions of biotic indices, the NDI was the sole significant
predictor of the NCBI (Figure 2.8). However, the CV of the stream cross-sectional area
coupled with the interaction of NDI and percent runoff predicted the B-IBI (Figure 2.7).
The interaction term of NDI and percent runoff represents the relationship between land
development and hydrology. The significance of CV suggests that the more frequently
substrates are moved (higher variability on cross-sectional area), the lower the biotic
health. In addition, flow and the NDI significantly impacted the B-IBI. High flows
associated with a high NDI can cause increased drift, scouring of streambeds, and
organism stress (Konrad and Booth 2005).
The B-IBI is more accurately predicted by the variables included in this study than
the NCBI (Figures 2.5 and 2.6). Predictive equations of biotic integrity can be practical
for use in regulatory arenas. Stakeholders can set standards of acceptable ecological
health and this type of predictive equation can help guide development strategies that are
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more sustainable and protective of aquatic ecosystem health. For regulatory purposes, it
may not be practical to use the CV of the cross-sectional area as a parameter to predict BIBI because calculation of CV takes intensive monitoring. Without CV as a predictor, the
B-IBI is best predicted by the NDI (R2=0.45). This simplified model is more easier to
apply to determine regulatory thresholds than the interaction model because the terms are
not co-variable, as were the NDI and percent runoff.
In predictive equations for TSS and biotic indices, only the NDI and other physical
stressors were included as possible variables. Percent impervious cover (%IC) as a
measure of land development was not included because it is a gross measurement of
development and TSS and the B-IBI had stronger relationships with NDI than with %IC.
%IC only captures the hydrologic modification, which is just one of many stressors
introduced to a system during urbanization. It is difficult to calculate on a developing
watershed because intermediate levels of imperviousness, which have not been well
characterized, are encountered during development due to soil compaction. Additionally,
%IC does not account for the erosional source areas that can contribute TSS to the
stream. The NDI and %IC are strongly related (R2=0.98). The NDI facilitated multiple
scales of regulation because it quantified the intensity and level of development in the
watershed for predicting the hydrologic changes and changes in sediment loading that
lead to a cascade of physical stressors that ultimately impact biotic health (Figure 2.1).
It is not sufficient to relate land development directly to biotic indices without an
understanding of the cascading relationships (Figure 2.1) within the overall mechanism of
degradation that accounts for a stream’s physical and chemical condition. Stepwise
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regression analyses in this study revealed that a source-response model was most
predictive for the NCBI and most practical for the B-IBI. Although a source-stressorresponse model may provide more detail for management and imply cause and effect
relationships, many of the individual stressor-response relationships were difficult to
derive. Multiple stressors that co-occur with development confound the quantification of
stressor-response relationships from field studies. Significant stressor-response
relationships were evident in this research with the hydrology and benthic
macroinvertebrate indices and the habitat and benthic macroinvertebrate indices. This
indicates that hydrology and habitat are the most important physical stressors to monitor
with land disturbance. For the other physical stressors, it is more practical, and perhaps
more accurate to derive source-response and source-stressor relationships from which to
develop management objectives.
Quantitative and predictive relationships, such as those presented, can be used to
assess development risks in an ecological risk assessment framework and to mediate
stressors with standards for sustainable development planning and improvements to the
efficiency of best management practices (BMPs). Using these relationships in sustainable
development planning will require an examination of the extent that these quantitative
and predictive relationships apply across various spatial scales, both in terms of
ecoregion and watershed size. Research by the U.S. Geological Survey has demonstrated
that urbanization responses vary with ecoregion (T. Cuffney, personal communication, 2
June 2008) and thus we may be able to expect to extend these relationships within the
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Piedmont ecoregion. The applicability of these quantitative relationships within other
watersheds of the same ecoregion is currently being investigated.
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CHAPTER THREE
INCORPORATING PHYSICAL STRESSORS FROM CHANGES IN LAND USE
INTO ECOLOGICAL RISK ASSESSMENTS
Introduction
Development of land from rural to urban and suburban land uses is a continuous
process with developed land area increasing by close to 50% in the mainland United
States from 1982 to 2002 (USDA NRCS 2004). The rate of land conversion has also
been accelerating in recent years (USDA NRCS 2004). Land disturbance often results in
a cascade of physical and chemical stressors to aquatic ecosystems, which can impact
their biotic integrity. Land use change is an important source of anthropogenic sediment
loading into aquatic systems because of changes in drainage and denuded land areas
(Wolman 1967; Simmons 1976, Waters 1995). These changes also result in
hydromodification of aquatic ecosystems (Roesner and Bledsoe 2003). Ultimately,
effects of urbanization have been linked to changes in hydrology, sediment regime,
habitat, water chemistry, stream morphology, and fish and macroinvertebrate population
changes (Figure 2.1; Benke 1981, Garie and McIntosh 1986, Booth 1990, MacRae and
Rowney 1992, Booth and Jackson 1997, Cormier et al. 2000, Paul and Meyer 2001,
Bledsoe 2002, Swietlik 2002, CWP 2003, Roesner and Bledsoe 2003, Roy et al. 2003,
Fitzpatrick et al. 2005, Konrad and Booth 2005, Sciera et al. 2008).
Yearly water quality reports from the U.S. Environmental Protection Agency
(USEPA) indicate approximately 40% of assessed river miles are impaired by sediment
stress (USEPA 2001). In addition, the USEPA has highlighted the need for ecologically
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relevant criteria for habitat, sediment and flow (USEPA 2002b). Current regulations for
suspended and bedded sediments (SABS) vary by state. Numeric criteria exist in
approximately 60% of the states, tribes, territories, and the District of Columbia. These
numeric criteria often designate a turbidity level that is acceptable as compared to
background turbidity and only a few states use total suspended solids (TSS) as criteria,
which range from 30-158 mg/L (USEPA 2003). Narrative criteria were identified in 25%
of those areas lacking numeric criteria, which leaves 15% of areas with no criteria for
SABS (USEPA 2006). These approaches often do not include a relationship between the
SABS criteria and aquatic life or an ecological resource. The USEPA has recently issued
guidance for the establishment of SABS water quality criteria, which may help establish
ecologically relevant criteria (USEPA 2006).
Regulations often exist for suspended sediments and flow in relation to storm
water controls for new land development. Developing watersheds have shown
consistently higher mean concentrations and maximum loads of total suspended solids
(TSS) versus undisturbed watersheds, despite the use of recommended best management
practices (BMPs) (Hur et al. 2008). Silt fences have been widely used as a BMP to reduce
sediment loading, but selected studies have shown them to be ineffective because they
can cause worse problems than having no BMP at all (e.g., concentrating flow to
exacerbate erosion, Barfield and Hayes 1992, EPA 2002a). Reductions in species
diversity have been linked to the number of hours sediment load exceeds 1,000 mg/L, a
sediment concentration that is frequently two orders of magnitude below that in runoff
from most construction sites (USEPA 2002a). Overall benthic macroinvertebrate
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communities did not significantly differ between sites with BMPs and without (Maxted
and Shaver 1996). The use of BMPs (i.e., silt fences, grassy swales, detention ponds) did
not prevent the loss of sensitive species and did not attenuate the impacts of urbanization
once the watershed reached 20% impervious cover (Maxted and Shaver 1996).
Applicable to this study area in South Carolina, the development sediment
controls requires that 80% of suspended sediment in storm water be retained on site
(SCDHEC 2002). However, the remaining eroded soil (up to 20%) that leaves the
development site with storm water can be harmful to aquatic ecosystems, especially on
large land developments where the allowable 20% of eroded soil migrating into receiving
streams results in a loading of tons of sediment. In addition, depending on local
watershed characteristics, these eroded soil particles are fine (clay and silt, <2µm) and
can stay suspended for days to weeks in surface waters. Even small increases in total
suspended solids (TSS) concentrations (8-10 mg/L) have been shown to impact benthic
macroinvertebrate densities (Quinn et al. 1992).
For storm flows from developed land in this study area, post-development peak
stream discharges should not exceed pre-development discharges for the 2- and 10-year
24-hour storm events (SCDHEC 2002). This does not include a regulation for storm flow
volume. Thus, if peaks are maintained at pre-development levels, the length of time that
stream endures peak flow is greatly increased due to an increase in the runoff volumes.
Those storm events become chronic, rather than acute stresses to the stream. It has been
observed that discharges are considerably higher in developing watersheds, even with the
use of BMPs (Hur et al. 2008). High flows can directly impact organisms by scouring
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streambeds, killing organisms due to stress or suspended sediment, and by transporting
organisms downstream (Konrad and Booth 2005).
Based on the discussion above, current strategies to minimize downstream
impacts of urban development are not protective of the health of aquatic ecosystems.
Improving regulatory methodologies to include the use of quantitative and predictive
relationships linking the relationship between urbanization and biological integrity is
essential to preserve stream communities (Wang et al. 2001, Sciera et al. 2008). As
highlighted by Booth and Jackson (1997), changes in a natural system are a continuum,
and thresholds of adverse impact are defined by perception of and tolerance for changes
in those natural systems, which provide a basis for the evaluation of impacts and
management decisions. Some significant degree of biological decline is unavoidable in a
watershed area that is slated for land use change because the watershed has been altered
for the foreseeable future. These aquatic ecosystems may have habitat and biological
communities, but the idea of biological structure will be different from pre-development
standards (Jones et al. 1996, Konrad and Booth 2005). Stakeholders can prioritize
watershed impacts and use a logical and systematic method to incorporate scientific
information into decision-making by utilizing established ecological risk assessment
methods (Serveiss et al. 2000, Serveiss 2002). The ecological risk assessment framework
is especially useful when addressing problems involving multiple and non-chemical
stressors, like those associated with land use change activities (Butcher et al. 1997). The
objective of this study was to demonstrate the use of quantitative relationships among the
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physical, chemical, and biological stressors associated with land use change in an
established ecological risk assessment framework.
Methods
Study Area and Previous Analysis
Data on multiple parameters were collected from three watersheds in the rapidly
developing Greenville, SC, USA area. The three watersheds located in the upper
piedmont ecoregion of South Carolina (Knight Creek=32, Lost Creek=51, and Baldwin
Creek (5)=144 hectares) collectively form a continuum from highly (Lost Creek) to
minimally (Baldwin Creek) impacted. The watersheds were less than 4 kilometers apart,
and were therefore assumed to be similar in climate and geology. Further watershed
analyses concluded that the watersheds were also comparable in slope, soil type, and predevelopment land use (Sciera et al. 2008). The similarity of the watersheds allowed the
data sets to be grouped together for analysis. Based on data from extensive monitoring of
multiple physical, chemical, and biological parameters from October 2003 to October
2007 quantitative and predictive relationships were formed and used as the basis for this
work (Sciera et al. 2008). The problem formulation and analysis of exposure and effects
are included as the conceptual model (Figure 2.1) and the quantitative relationships
(Table 2.6). Those relationships have been applied to risk characterization and
management objectives highlighted in this study.
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Study Analyses
A normalized disturbance index (NDI) was developed to quantify changes in land
use (Sciera et al. 2008). Plots of the contribution of the NDI to the North Carolina Biotic
Index (NCBI) and the Benthic Index of Biotic Integrity (B-IBI) were constructed based
on the predictive models developed in Sciera et al. (2008). The NCBI is categorized
based on numeric criteria given in the South Carolina standard operating procedure for
benthic macroinvertebrates (SCDHEC 1998). Based on selected levels of impact to
benthic invertebrate communities (e.g., 20% reduction in B-IBI, or good to good-fair
threshold for NCBI), the plots and regression equations were used to calculate benchmark
values for the NDI. Ninety-five percent confidence intervals were calculated for these
benchmark NDI values using inverse regression on the benthic invertebrate prediction
equations (Draper and Smith 1981). This point estimate NDI value was then used in the
quantitative relationships with the other physicochemical parameters (Table 2.6, Sciera et
al. 2008) to establish individual benchmarks for those variables.
A frequency plot of 24-hour maximum storm event TSS values was constructed
using storm event data for all three watersheds from Sciera et al. (2008) over the time
period April 2004-July 2007 for storm events <1 inch (average=0.44-in, s=0.17, n=34)
which covers >80% of storms in the study region (Barfield et al. 2005). This data set
encompassed normalized disturbance index (NDI) values ranging from 0-11.7 and
percent impervious cover (%IC) ranging from 0-15.4%. Data were categorized by TSS
concentration into seven categories based on concentration (<50 mg/L up to <450 mg/L
in 50 mg/L increments). The data were plotted by the probability of a storm event with a
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higher TSS concentration and fit to a logarithmic regression (SAS v9.1, SAS Institute,
Cary, NC, USA).
Results and Discussion
Quantitative relationships between the NDI and percent impervious cover, percent
rainfall as runoff, 24-hour maximum storm event TSS concentrations, EPA’s Rapid
Bioassessment Protocol Habitat Index (Barbour et al. 1999), the B-IBI, and the NCBI
were established in Sciera et al. (2008) and shown in Table 2.6. In addition, predictive
relationships of biotic integrity and storm event TSS concentrations were developed
(Sciera et al. 2008, Figures 2.5-7). Because the predictive relationship for the B-IBI
included the interaction of the NDI and percent rainfall as runoff and the coefficient of
variation (CV) of the stream’s cross-sectional area, it did not lend itself well to regulatory
purposes. CV is a data intensive measurement and NDI and runoff are co-variable. CV
became a data limiting variable and limited the regression to only 8 values. Thus, the
equation was reduced to a non-interaction model using the regression methods described
in Sciera et al. (2008), which left NDI as the only significant predictive parameter for the
B-IBI (Figure 3.1; R2=0.45, n=47, outliers=3). The simplification of the model has a
large impact on its predictive ability as compared to the more complex model (R2=0.96).
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Figure 3.1. Predictive regression for the B-IBI (significant at α=0.05),
simplified from Sciera et al. (2008). All data are within a factor of two in
variability from a perfectly fit model.

Establishment of Benchmarks of Acceptable Ecological Health
Based on the contribution of the NDI to the NCBI (Figure 3.2), stakeholders or
regulatory entities could select an acceptable level for the benthic macroinvertebrate
community, which should be maintained post-development. Based on this plot, the
corresponding NDI can be identified. For example, if stakeholders determined that a
stream should maintain a NCBI near the good to good-fair threshold, the corresponding
NDI is 7. The NCBI is a measure of the overall pollution tolerance of organisms in a
stream. Higher values of the NCBI indicate a higher proportion of pollution tolerant
organisms and decreasing stream quality.
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Figure 3.2. Relationship of the NDI and the NCBI. NCBI classifications are
based upon the South Carolina standard operating procedure (SCDHEC 1998).
Based on the NDI value of 7 (95% confidence interval: 1.99-8.68) for the good to
good-fair threshold of the NCBI, benchmarks for other physical and chemical variables
resulting from land devlopment were also established. Based on the quantitative
relationships in Table 2.6, using an NDI of 7 results in thresholds for the following: 24hour maximum storm event TSS of 106.8 mg/L, percent rainfall as runoff of 12.7%,
habitat (as measured by EPA’s RBP, Barbour et al. 1999) of 124 (sub-optimal
classification), and percent impervious cover of 9.7% (Table 3.1).
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Table 3.1. Benchmarks of Ecological Integrity based on
quantitative and predictive relationships.
BIBI
NCBI
(20% reduction
based on reference
(Good to GoodFair threshold)
of 105)
7.0
4.8
NDI
(1.99-8.68)2
(3.58-6.07)2
% Impervious
9.7
6.7
Cover
24-hr
maximum
106.8
78.0
storm event
TSS (mg/L)
% Rainfall as
12.7
9.5
Runoff
Habitat Index1
124
136.6
1
Based on EPA's Rapid Bioassessment Protocol (Barbour
et al. 1999)
2
Range represents 95% confidence interval (CI) based on
inverse regression method (Draper and Smith 1981).
Estimates for other parameters are based on the point
estimate, not the 95% CI.
The B-IBI does not have designated categories as the NCBI does, therefore
stakeholders could set an acceptable value for the B-IBI based on its pre-development
score, a designated aquatic use, or in comparison to a reference site. Although
biodiversity and ecosystem function research indicate that the greater the biodiversity the
more resilient the ecological community is, there is not a quantitative benchmark to
indicate what loss of species composition is acceptable while still preserving ecosystem
function (Emmerson et al. 2001, Loreau et al. 2001). Therefore, a 20% reduction was
chosen as for an example in this study; however, further research would be necessary to
justify an acceptable impact to aquatic ecosystems. For example, if a reference site
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scores 105 for the B-IBI, stakeholders may be willing to have a 20% reduction in the BIBI as an acceptable impact level due to watershed development. The B-IBI is a measure
of community structure and function (Kerans and Karr 1994), so this would indicate a
20% reduction in community structure and function. Calculating this based upon the
regression in Figure 3.1 yields a NDI of 4.8 (95% confidence interval: 3.58-6.07). Based
on the quantitative relationships in Table 2.6, using an NDI of 4.8 results in thresholds for
the following: 24-hour maximum storm event TSS of 78 mg/L, percent rainfall as runoff
of 9.5%, habitat (as measured by EPA’s RBP, Barbour et al. 1999) of 137 (sub-optimal
classification), and percent impervious cover of 6.7% (Table 3.1). Based on the B-IBI
and NCBI thresholds selected for this analysis, impervious cover impacts begin at 6.7%
and 9.7%, respectively. This is comparable to other studies that report 8-20% impervious
cover results in impacts to aquatic ecosystem health (Booth and Jackson 1997, Paul and
Meyer 2001, Swietlik 2002, CWP 2003, Roy et al. 2003).
Based on the watersheds in this study, only Lost Creek exceeded the NDI
benchmark value established through the above methods for the NCBI and B-IBI. Lost
Creek had biotic indices that were significantly impacted compared to the reference site,
Baldwin Creek (BC05, p<0.05). It also consistently exceeded TSS and percent runoff
benchmarks since 2005 and habitat benchmarks since 2006 according to monitoring data.
Thus, it would be expected to see negative responses in the benthic macroinvertebrate
communities in Lost Creek. However, although it is moderately impacted, the Knight
Creek watershed had not exceeded either NDI benchmark for biotic indices. Recent
events following the time period included in the original data analysis for the Knight
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Creek watershed have exceeded percent runoff benchmarks and storm event TSS
concentrations. During some periods, Knight Creek habitat indices were below the
benchmarks, but this was typically in summer months, which were during extreme
drought conditions and accounted for decreased habitat due to decreased flow volumes
and decreased riparian vegetation (NDMC 2008) . Knight Creek benthic
macroinvertebrate communities still have a B-IBI and NCBI statistically similar to the
reference watershed, Baldwin Creek. The observation that Lost Creek exceeded
benchmarks and showed impact, but that Knight Creek did not exceed benchmarks
(although close with a maximum NDI of 4.32) was likely due to the error associated with
the models or possibly a time delay in biotic response since these stressors had only
recently exceeded benchmark values. It is expected that with continued development in
the Knight Creek watershed, the exceedences of benchmarks will result in significant
impacts to benthic invertebrate indices. Baldwin Creek monitoring data suggested no
exceedence any of these benchmarks for percent runoff, storm event TSS concentrations,
or habitat. This was expected since it also had no active development in its watershed
(<5% established residential land use).
Total Suspended Solids Frequency Curve
The TSS benchmarks can also be examined using a frequency regression. The
frequency regression for the storm event maximum 24-hour time-weighted average TSS
concentrations during a storm resulted in a logarithmic model (R2=0.9862, Figure 3.3).
This information could be utilized to determine the frequency of exceeding an effects
benchmark for storm event TSS concentrations in a developing watershed. For instance,
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based on the model outputs in Table 3.1, TSS concentrations to maintain 80% of the
original B-IBI (105 reference value) would be exceeded in 35% of storm events <1” of
rainfall based on the current regulations and uses of BMPs during the monitoring period.
Comparatively, for maintaining an NCBI at the good to good-fair threshold, TSS
concentrations would be exceeded 27% of the time based on current regulations during
the monitoring period. It is important to note that the monitoring period represents a
drought (Sciera et al. 2008) and actual TSS concentrations may exceed these effects
benchmarks at a higher frequency under normal conditions. If this frequency was still
unacceptable to watershed stakeholders, the frequency curve could be shifted downward
by reducing the frequency of events with high TSS concentrations by improving BMP
implementation, use, and using low impact development techniques. Hur et al. (2008)
hypothesized that the failure in BMPs seen in these study watersheds may have been in
their design or location, quantity, type, or maintenance, but that it was also possible that
the observed impacts may reflect a shortcoming in regulations. If the BMPs were
effectively capturing 80% or more of the eroded sediment, then a standard of 80%
retention is too low to protect aquatic ecosystems.
Another use of the frequency regression for storm event maximum 24-hour timeweighted average TSS concentrations is by comparing it to toxicity data for aquatic
organisms. Researchers have identified the two major avenues of effect for suspended
and bedded sediments in streams and rivers as direct effects on biota through abrasion or
clogging of filtration mechanisms and direct effects on physical habitat, which results in
indirect effects on biota resulting in drift and avoidance (Davies-Colley et al. 1992,
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Waters 1995, USEPA 2003). Drift is when benthic macroinvertebrates become
suspended in the water column and are carried downstream by the current. This may
result from stressors in the water, or under normal conditions as behavioral drift
(McCafferty1998).

Figure 3.3. Frequency regression for a stormevent maximum 24-hour timeweighted average TSS concentrations based on data in Sciera et al. (2008).
Vertical dotted lines represent values based on benchmarks of B-IBI and NCBI
selected in Table 3.1.
Based on a laboratory study done by Robinson and Klaine (2008), a 24-hour pulse
of kaolinite to Daphnia magna resulted in no effects on survival but time to gravidity was
increased above concentrations of 73 mg/L kaolinite. The soils in the study watersheds
were primarily kaolinitic (Sciera et al. 2008) and in stream clay fraction of Lost Creek
sediment was 60% kaolinite (Capper 2006). Although D. magna are not typically stream
inhabitants, there is little toxicity data for benthic macroinvertebrates in the literature and
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this data is specific to the soils of the study watersheds. Therefore, it represents the most
realistic data for comparison. If the data can be extrapolated, it is possible that the
organisms may suffer reproductive effects but not necessarily acute toxicity. Quinn et al.
(1992) examined invertebrates from upstream and downstream sites of clay discharges
and found that the invertebrates had not accumulated sediments on their body surfaces
and gills. Thus, based on a lab study of watershed specific toxicity data to D. magna and
observations by Quinn et al. (1992), it is unlikely that the organisms were suffering direct
toxicity of the suspended sediment.
Suspended sediment load also affects invertebrate drift. Increases of 120 mg/L
TSS resulted in increased drift, significantly altering the distribution of benthos (Quinn et
al. 1992). A comparison of this data to the TSS frequency curve suggests that 25% of
storm events with less than 1” of rainfall were predicted to result in increased invertebrate
drift at our study sites. Large reductions in invertebrate densities that were attributed to
drift and lower epilithon biomass, productivity, and degraded food quality, have also
been associated with much smaller total suspended solids loadings of 8-10 mg/L (Quinn
et al. 1992). When high flows carrying TSS subside, fine suspended sediment is
deposited on the streambed. A decrease in sediment size has been observed in
developing watersheds (Roy et al. 2003, Sciera et al. 2008) and thus could explain
differences in macroinvertebrate communities in developing watersheds. Median particle
size has been shown to explain significant variations in macroinvertebrate colonization
(Erman and Erman 1984). Because no acute toxicity was expected based on
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extrapolation of D. magna data to benthic macroinvertebrates, it is likely that the impacts
to stream communities was due to habitat effects rather than direct toxicity.
Management Implications
Although the predictive ability of the B-IBI was reduced with the simplified
equation, it may have an advantage over the NCBI because it is a multimetric approach.
The B-IBI incorporates many individually calculated attributes (individual, community,
and ecosystem function, Sciera et al. 2008). The NCBI is intended for general pollution,
regardless of source and was developed based upon a species’ relative abundance in each
of 5 established water quality categories (Lenat 1993). Thus, these multimetric values
may have already been incorporated into the simpler NCBI based on the sites used in its
development method (Lenat 1993). Therefore, both indices can detect a variety of
responses to the stressors resulting from land use change but the B-IBI would be more
transparent in terms of what parts of benthic macroinvertebrate communities were
responding to the stressors, which in certain cases can provide information to identify the
stressor. The B-IBI analyses can be calibrated to pre-development conditions or
homogenous, low-impact reference sites, which could be data intensive. However, the
pre-calibrated NCBI undoubtedly had some sites with chemical contamination in its
development procedures, which may not be applicable to some developing watersheds
that are typically impacted by the physical stressors associated with construction
activities before chemical stressors are introduced via road runoff or landscaping
practices (Sciera et al. 2008). Finally, the B-IBI has a smaller 95% confidence interval
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than the NCBI in its NDI benchmark for effects. Therefore, although the NCBI may be
simpler than the B-IBI, it may be less accurate and hold less information for regulators.
The stakeholders’ selection of acceptable levels of impact for the B-IBI or the
NCBI may depend on the designated use of watershed’s aquatic system (USEPA 2006).
However, most first order streams are not assigned designated uses, and thus could be
compared to reference conditions. First order streams should not be ignored in assessing
the impacts of development because the biotic integrity of small streams is mostly
severely impacted by urbanization (Yoder and Rankin 1995) and are sources of benthic
macroinvertebrates for recolonization of higher order streams. The NCBI is already
calibrated for qualitative water quality classifications based upon the numeric index. For
the B-IBI, comparisons with reference sites can be made with low-impact, homogenous
sites in the same ecoregion, but the allowable deviation from the reference condition in
an unregulated first-order stream would be subjective because little work has been
completed to define what the benthic macroinvertebrate metrics mean with respect to the
desired condition of the resource. In ecosystems, there is an element of ecological
redundancy, which could allow for a lower B-IBI score (i.e., lower taxa richness
contribution) than a reference stream without losing ecological structure and function, but
still losing some resistance to further perturbations (Newman 1998). However, there is
no research to indicate that deviation from reference conditions is acceptable.
Other scenarios for using these equations could exist; for instance, developers
could examine land use plans and determine the intensity in which they could develop to
obtain a desired level of the biotic integrity. Also, developers could have more intense
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development than the benchmark NDI, if BMPs kept flow and TSS parameters below
their respective benchmark values. It may be possible to add a BMP weighting to the
disturbance index to account for BMPs that go above and beyond the regulated level,
which would reduce the NDI and allow for more intense development because better
controls are in place. This possibility is currently being investigated by further study.
The benchmark values for flow and TSS could also be utilized, as benchmarks to achieve
when an urban stream is restored so that the controlling watershed parameters for flow
and TSS are not exceeded after restoration is complete. However, some uncertainty does
exist in the applicability to historically urbanized areas and validation needs to be
completed.
Uncertainties
Historically urbanized land areas have not been addressed in this research study.
It is possible to calculate a NDI value for these watersheds, but the strength of the
relationships to the physical parameters is unknown. This research was done to
characterize the mechanism of stream degradation during active land development. In
addition, this work has only been used on watersheds in the piedmont of South Carolina.
It needs further validation on watersheds in other geographic areas to understand where it
can be applied. These two uncertainties are currently being investigated.
There are also uncertainties in implementing this type of thought process into
watershed management. Although it does provide a quantitative, documented process to
protect aquatic ecosystem health, validating the quantitative relationships on a
jurisdiction’s watershed may prove costly if these relationships do not extend far past the
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piedmont areas of the southeastern United States. In addition, this research was
completed on small watersheds of first order streams, but watersheds are often managed
on a larger scale across multiple jurisdictions. This type of management process would
have to be collaborative across jurisdictions to be effective.
Conclusions
This study shows that quantitative relationships among physical, chemical, and
biological variables can be established and integrated into an ecological risk assessment
framework using quantitative models to derive benchmarks. These benchmarks can help
stakeholders identify important monitoring parameters, document the reasoning behind
regulations, and protect aquatic ecosystems from impacts due to development. This study
can be used to improve regulation of BMPs, either through improved implementation and
maintenance of current regulations, or by improving development techniques to include
low impact development incentives. Ultimately, by further understanding the quantitative
relationships between land use change and aquatic ecosystem decline, there can be better
management of watersheds by stakeholders and improved regulations on land use change
to protect aquatic ecosystem health.
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CHAPTER FOUR
COMPARING LAND USE STRESSORS IN DEVELOPING AND
URBAN WATERSHEDS
Introduction
Urban land use results in physical stressors, such as changes in flow regime,
suspended solids, and habitat, which affect the ecological integrity of the stream (Booth
and Jackson 1997, Paul and Meyer 2001, Morley and Karr 2002, Walsh et al. 2005a).
Urban streams have been shown to have impaired biotic integrity relative to rural and
reference streams (Garie and MacIntosh 1986, Paul and Meyer 2001, Roy et al. 2003,
Walsh et al. 2005b). Studies have reported that biological impairment does not become
severe until urbanization reaches 30% of the watershed area (Klein 1979). Other studies
have reported urbanization in terms of percent impervious cover (%IC), citing that 8-20%
imperviousness leads to significant biological effects (Booth and Jackson 1997, Paul and
Meyer 2001, Swietlik 2002, CWP 2003, Roy et al. 2003, Fitzpatrick 2004).
The effects of urbanization on streams can vary with geographic location and
stream size (as measured by watershed area). Yoder and Rankin (1995) reported that
headwater streams (i.e. watershed areas less than 20 square miles) experienced the most
severe effects of urbanization. Consistent stressors in urban streams include a flashier
hydrograph, elevated nutrients and contaminants, altered channel geomorphology and
stability, altered habitat (e.g., reduction in channel complexity) and reduced biotic
richness (Paul and Meyer 2001, Meyer et al. 2005, Walsh et al. 2005a). Although these
stressors are consistent among urban streams, the magnitude of change may vary among
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the watersheds. For example, the U.S. Geological Survey (USGS) has observed that
benthic macroinvertebrate responses to urbanization vary by ecoregion (T. Cuffney,
personal communication). Responses to urbanization that are inconsistent across studies
include baseflow changes, changes in suspended sediment concentrations, fish
community changes, algal biomass, metric-specific benthic macroinvertebrate response,
and changes in ecosystem processes (Konrad and Booth 2002, Nilsson et al. 2003,
Fitzpatrick et al. 2005, Roy et al. 2005, Walsh et al. 2005a, T. Cuffney, personal
communication). The relationship between stressors and ecosystem deterioration may
vary among studies possibly due to the level or type of urbanization (Walsh et al. 2005a),
or because of differences in watershed characteristics (i.e., size, slopes, soils) and past
disturbance. Thus comparison of studies must take into account the geographic
differences to accurately interpret the data.
It has been recognized that stressors in urban streams can also vary with age of
watershed development. Wolman (1967) concluded that the process of urbanization
resulted in disruption of hydrologic and sediment regimes. The hydrologic regime is
altered in both runoff volume and peak flow (MacRae and Rowney 1992), which results
from increases in impervious land cover with increasing development. The sediment
regime can vary depending on the age of the development. During construction, upland
erosion in the watershed results in high sediment loads and choking of the stream channel
(Wolman 1967). Following development, hydrologic changes remained altered and even
increased in rate and volume, but sediment loads decreased as the surface was stabilized
with impervious cover or vegetation (Wolman 1967). Stabilization of upland areas
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resulted in clearer, higher flows which promoted bank erosion and channel widening and
incision (Wolman 1967). The bank erosion resulting from these high flows can result in
significant post-development geomorphic differences over time(Hammer 1972).
Most research on urban streams has focused on watersheds with established urban
land use (Booth and Jackson 1997, Roy et al. 2003, Fitzpatrick 2004, Gregory and
Calhoun 2007). In most studies, time is substituted by a gradient of contrasting
catchment urbanization levels leaving a true understanding of the stressors limited by a
lack of data regarding the initial introduction of these stressors and changes through the
age of land development. Recent research examined the effects of active land
development in watersheds over a period of two years and identified quantitative
relationships between land use change, physical stressors, and biological responses in
streams (Sciera et al. 2008). In addition, predictive relationships were established for
biotic integrity using the Benthic Index of Biotic Integrity (B-IBI) and the North Carolina
Biotic Index (NCBI) from land use data (Sciera et al. 2008). These relationships are used
in an ecological risk assessment framework to establish benchmarks of effect for physical
stressors in an urban stream ecosystem based on similar methods to chapter 3 of this
dissertation. In this study, a portion of the USGS Effects of Urbanization on Stream
Ecosystems (EUSE, Gregory and Calhoun 2007) dataset for Atlanta, GA, was compared
to the results of the Clemson University (CU) Changing Land Use and the Environment
(CLUE) study near Greenville, SC (Sciera et al. 2008) to identify the geographic extent
of these relationships and identify the similarities and differences between urbanizing
watersheds and established urban watersheds.

81

Methods
The datasets used for this study included the dataset from Sciera et al. (2008) and
a portion of the USGS Effects of Urbanization on Stream Ecosystems (EUSE) study near
the Atlanta, Georgia, USA geographic area (Gregory and Calhoun 2007). The Atlanta,
GA, USA EUSE dataset was chosen because it contains data within the same level III
Piedmont ecoregion (USEPA 2008a) as the CLUE study. However, the EUSE data
bridges the level IV Southern Inner and Outer Piedmont ecoregion (Griffith 2001),
whereas the CLUE data is only the level IV Outer Piedmont ecoregion (Griffith 2002).
The subset of watersheds from the EUSE study used for comparison were selected based
on watershed area, percent watershed developed, and percent impervious cover to make
the watersheds most similar to the watersheds used in the CLUE study (Sciera et al.
2008). Watersheds were selected to cover a range of urbanization levels common to the
two studies. Comparison of the watershed characteristics is presented in Table 4.1. A
map of the study sites is shown in Figure 4.1.
Because the two studies were independently conducted, calculated physical
parameters and biological metrics were not always comparable. Where possible,
comparable metrics were calculated from the existing data.
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Table 4.1. Watershed characteristics for study comparison.
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Project
CLUE1
CLUE1
CLUE1
EUSE2
EUSE2
EUSE2
EUSE2
EUSE2
EUSE2
EUSE2
EUSE2
EUSE2
EUSE2
EUSE2
EUSE2

Watershed (site #)
Baldwin (BC)
Lost (LC)
Knight (KC)
Rottenwood (1)
Jackson (4)
Suwanee (8)
Alcovy (9)
Morning (10)
Powder Springs (11)
Whitewater (13)
Shoal (15)
Apalachee (19)
Dog (21)
Murder (26)
Hillabahatchee (29)

Study Site Coordinates3
Latitude
Longitude
(decimal
(decimal
degrees)
degrees)
34.72252
-82.31478
34.6956
-82.29813
34.69258
-82.29703
33.893714 -84.457708
33.895833 -84.095556
34.032323 -84.089356
33.917607 -83.887958
33.478725 -84.409370
33.840833 -84.677222
33.411783 -84.497983
33.259284 -84.388258
33.900667 -83.723506
33.666389 -84.871389
33.415680 -83.661841
33.340672 -85.226890

Drainage
area
(km2)
1.4
0.5
0.3
48.2
55.4
121.9
79.5
101.5
66.0
110.5
53.4
138.6
109.0
61.4
43.4

Mean
Watershed
Slope (%)
23
29
38
6.1
7.0
6.5
5.3
7.6
5.9
5.3
6.6
11.0
5.4
5.0
5.0

Hydrologic
Soil Group
B
B
B
B
B
B
B
B
B
B
B
B
B
B
B

1

%
Watershed
Developed4
<5
50
10
85.4
67.0
42.6
39.7
38.3
35.6
25.1
22.9
17.8
13.4
3.8
2.8

%
Impervious
Cover4
<15
15.3
4.7
38.2
20.1
13.5
14.6
12
8.9
6.3
6.4
5
2.8
0.4
0.4

Watershed Data from the Changing Land Use and the Environment Study near Greenville, SC (Sciera et al. 2008)
Watershed Data from the U.S. Geological Survey Effects of Urbanization on Stream Ecosystems (EUSE) study near Atlanta, GA
(Gregory and Calhoun 2007)
2

3

Represents water quality and benthic macroinvertebrate sampling site in the watershed.

4

CLUE values represent the measurment at the end of the study period in Sciera et al. 2008.

5

Estimated value, exact areas impervious area was not calculated.

Figure 4.1. Map showing EUSE and CLUE sampling points and watersheds.
CLUE watersheds boundaries are not shown because of scale. Refer to Sciera
et al. (2008) for local detail on CLUE watershed placement. Watershed numbers
correspond to watersheds in Table 4.1.
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Land Use
The CLUE study developed a normalized disturbance index (NDI) to quantify the
potential for aquatic ecosystem impacts resulting from active land development in a
watershed (Sciera et al. 2008). Numerical lot and road disturbance rankings, d (Table
4.2), based on personal observation were area-weighted based on lot or road areas, A,
obtained from Greenville County, SC, USA property records (Greenville County 2007).
Values were normalized by the maximum disturbance level for the watershed
(6*watershed area, WSA) and multiplied by 100 to produce a watershed normalized
disturbance index (NDI, equation 1, Sciera et al. 2008).

(1)
Based on the EUSE data for percent of watershed area developed, a NDI was calculated
for the EUSE study watersheds using equation 1. The NDI value for a watershed with no
active development is a rescaling of the percent of watershed area developed. The
developed land area was considered to be a value of 1 (i.e., completed development with
landscaping, paved roads) and the remaining land area was considered to be undisturbed
(d=0).
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Table 4.2. Normalized Disturbance Index Rankings for each parcel or
street in land development (reprinted from Sciera et al. 2008)
0 Undisturbed Area
6 Cleared lot or unpaved street
5 Building Foundation
4 Building Framing
3 Ongoing Exterior construction
2 Exterior construction complete
1 Building complete, no bare soil, landscaping installed; paved roads

Percent impervious cover (%IC) values were estimated from the relationship of
percent impervious cover (%IC) to the NDI (Sciera et al. 2008) for the CLUE study and
based on reported data for the EUSE study (Gregory and Calhoun 2007). Percent
imperviousness values were included in order to give the study relevant comparisons to
numerous other studies on urban streams.
Hydrology
The EUSE study presented numerous hydrologic metrics (Gregory and Calhoun
2007). A version of the Richards-Baker flashiness index (Baker et al. 2004) was
calculated as the sum of the absolute values of day to day changes in mean daily crosssectional area of flow, divided by the sum of the daily mean cross-sectional area of flow
for the period of record (Gregory and Calhoun 2007). This flashiness metric (reported
for fall and spring) was selected as the best comparison with the percent rainfall as runoff
from the CLUE study (Sciera et al. 2008) because both metrics capture the increase in
storm water volumes associated with urbanization. Because the hydrologic metrics in the
two studies differed, the comparison was restricted to significance of land use or biotic
metrics with hydrology and was not a quantitative comparison of regression parameters.
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Suspended Sediment
The EUSE study (Gregory and Calhoun 2007) used baseflow measurements of total
suspended solids (TSS) analyzed by standard ASTM and USGS methods (Guy 1969).
The CLUE study (Sciera et al. 2008) did not report baseflow TSS measures, however,
unpublished baseflow TSS measurements (>24 hours after runoff has ceased, according
to methods for calculating runoff presented in Sciera et al. 2008) were used for
comparison to the EUSE study. CLUE baseflow TSS measurements were conducted
following Standard Method 2540D (Eaton et al. 2005).
Water Chemistry
Water chemistry data provided limited comparison between the two studies. The
CLUE study focused on storm water chemistry analyses, whereas the EUSE study used
baseflow values. In addition, the CLUE study analyzed metals and did not analyze for
organic contaminants, such as pesticides (Sciera et al. 2008). In contrast, the EUSE study
examined pesticides and associated degradates, but not metals (Gregory and Calhoun
2007). The EUSE study reported a strong relationship between pesticide detections and
biotic integrity (Gregory and Calhoun 2007), therefore, pesticide data was included in the
comparison analysis of this study since it could potentially explain differences in study
results. It is assumed that pesticide concentrations in the CLUE study were not at levels
of concern because the pre-development land use was forested and/or pastures (Sciera et
al. 2008). Metals data from the CLUE study were not detected at levels to cause
ecological concern (Sciera et al. 2008) and are not discussed in this paper because the
metals concentrations in the EUSE study are unknown. Basic field water quality
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parameters, including water temperature, conductivity, pH, and dissolved oxygen (DO)
were taken in both studies using multiparameter sondes that were calibrated prior to daily
use.
Habitat metrics
Habitat metrics between the two studies had little similarity. Although both habitat
surveys describe channel, bank, and riparian characteristics, the methods were difficult to
compare. The CLUE study used the U.S. Environmental Protection Agency’s Rapid
Bioassessment Protocol (USEPA RBP, Barbour et al. 1999), whereas the EUSE study
used standard USGS habitat metrics (Fitzpatrick et al. 1998). Therefore, habitat was not
considered for these study purposes.
Benthic Macroinvertebrates
In the CLUE study (Sciera et al. 2008), benthic macroinvertebrate data were used
to calculate the North Carolina Index of Biotic Integrity (NCBI; Lenat 1993) and the
Benthic Index of Biotic Integrity (B-IBI; Kerans and Karr 1994). In the EUSE study, the
benthic macroinvertebrate data provided could be used to calculate the B-IBI based on
the methods in Sciera et al. (2008). The EUSE study reported an abundance weighted
USEPA tolerance value for each sample (Gregory and Calhoun 2007), which is
comparable to the NCBI because calculation methods were similar and used USEPA
tolerance values were taken from the Lenat (1993) paper for the NCBI. Sampling
methods for benthic macroinvertebrates did differ between the two studies. The CLUE
study used a timed multi-habitat sampling (Barbour et al. 1999, SCDHEC 1998, Sciera et
al. 2008) whereas the EUSE study composited material from timed mutiple habitat
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samples with woody debris samples and from dominant stable habitats (Gregory and
Calhoun 2007). The CLUE study included quarterly data over two years covering all
seasons, whereas the benthic sampling for the EUSE project was time point samples
conducted in spring (Gregory and Calhoun 2007, Sciera et al. 2008).
Statistical Analysis
Data for all EUSE sites were pooled and regression analyses were conducted using
SAS (SAS v9.1, SAS Institute, Cary, NC, USA) to form quantitative relationships
between the NDI and individual response variables as well as to determine multivariate
predictive relationships for the biotic indices (NCBI and B-IBI). The %IC was not
included in the multivariate predictive regressions because it had a strong relationship to
NDI and this study was designed to evaluate the applicability of the NDI to watersheds
independent of those watersheds on which it is designed. Also, in comparison to the
NDI, %IC is more difficult to accurately measure on a developing watershed. Thus, to
make accurate comparisons to developing watersheds, the NDI was used as the measure
of development.
Using the EUSE dataset, simple linear regressions to establish source (land use)stressor relationships by relating the NDI to the following physical, chemical, and
biological parameters: hydrologic flashiness, baseflow TSS, DO, pH, conductivity, %IC,
total herbicides (µg/L), total insecticides (µg/L), total pesticide degradates (µg/L), B-IBI,
and NCBI. The CLUE datasets to derive these relationships varied in size because the
parameters were collected at different frequencies. The size of the dataset for each
relationship is noted in the results. Each dataset for the EUSE relationships included 12
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data points, one for each site. Significance was determined at α=0.05. Once significant
variables were determined, the data were objectively screened for outliers using
studentized residuals, leverage, and studentized deleted residuals, DFFITS and
DFBETAS. Outliers were removed if they met three or more of the criteria. Once
outliers were removed, a final regression model was determined and residuals were
checked for normality by a normal probability plot. These relationships were already
established for the CLUE study using similar methods and presented in Sciera et al.
(2008). For the purpose of study comparison, the models from Sciera et al. (2008) were
checked for significance of baseflow TSS, pH, DO, and conductivity, which were not
included in the original published model.
Stressor-response relationships for both studies were examined using the simple
linear regression methods described above for each physical or chemical stressor’s
relationship with the B-IBI and NCBI. Multivariate regressions were established using
the EUSE data to predict the biotic indices using stepwise regression and all possible
regressions. These relationships were previously established for the CLUE study (Sciera
et al. 2008). An EUSE model was built separate from the CLUE model because possible
input variables were different since two studies reported different metrics for hydrology
and the EUSE study included pesticide information. Possible variables for the EUSE
multivariate regressions included: hydrologic flashiness, baseflow TSS, DO, pH, total
herbicides (µg/L), total insecticides (µg/L), and total pesticide degradates (µg/L).
Regressions were screened using the following criteria to avoid overfitting of the model:
Mallow’s C(p), R-square values, and the mean square error (MSE). Variables significant
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at the α=0.05 level were retained in the model. Once the final models were determined,
the data was screened for outliers using the criteria described above for the simple linear
regressions. The models to predict the B-IBI and the NCBI for the two respective studies
were compared and based on the similarity of the B-IBI models, a single B-IBI model
using a combined dataset of EUSE and CLUE data was developed based on methods
described above.
Results and Discussion
In both studies, the NDI had a significant relationship with percent impervious
cover (Table 4.3, %IC, p<0.05; CLUE: R2=0.98, n=91; EUSE: R2=0.95, n=10).
Although the two measures of development were closely related, the NDI was more
accurately calculated on actively developing watersheds and captured not only the
potential for hydrologic impacts to a receiving stream, but also the potential for erosional
source areas to contribute sediment to a receiving stream. On the CLUE dataset, the NDI
had stronger relationships to storm event TSS than the relationship between storm event
TSS and %IC (Sciera et al. 2008). In addition, %IC is difficult to calculate for an actively
developing watershed because soil compaction occurs during development and these
intermediate stages of imperviousness are not well characterized.
Land use change is a source of multiple stressors to aquatic ecosystems and was
characterized in source-stressor quantitative relationships using linear regression models
presented in Table 4.3. Regarding water quality, the baseflow TSS concentrations were
significantly related to the NDI in the CLUE study which examined active development
(p<0.05, R2=0.31, n=22). However, baseflow TSS concentrations were not significantly
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related to land use in established urban areas that are not experiencing large areas of
active development relative to their overall watershed size based on the data in the EUSE
study (n=10). It is also possible that the degree of development in smaller watersheds,
but not larger watersheds, has a significant relationship with baseflow TSS
concentrations. However, that hypothesis cannot be confirmed using the EUSE and
CLUE study data. A more comprehensive study examining watersheds of different sizes
undergoing development would be needed to determine if baseflow TSS concentrations
are affected by watershed size. An alternative conclusion is that the steeper slopes of the
CLUE study streams result in higher baseflow TSS concentrations because of higher
velocities and entrainment of fine bed sediments.
The availability of upland erosional sources and the type of eroded sediment may
explain the difference in the significance of baseflow TSS between the CLUE and EUSE
studies. Both areas are dominated by clay soils (NRCS 2008), but in a developing
watershed large areas of soil are exposed and contribute sediment into receiving streams.
Based on Stoke’s law, which relates particle size to its settling velocity, clay particles
(<2µm in diameter) stay suspended for much longer periods than larger sand particles
(Haan et al. 1994), sometimes for days to weeks depending on local catchment
characteristics. Thus, developing watersheds may experience TSS that stay suspended
for much longer periods of time. In addition, differences in sampling methods may
explain differences. The CLUE baseflow samples that were >24-hr post-runoff and
represented conditions over several years may not have been comparable to the synoptic
samples taken in a watersheds representing an urban gradient in the EUSE study.
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A study in the Etowah River basin of the piedmont ecoregion in Georgia, USA
examined 30 watersheds of 15, 50, and 100 km2 ± 25% (10 watersheds in each category)
and found that baseflow TSS concentrations were significantly related to percent urban
land use (Roy et al. 2003). Roy et al. (2003) did not indicate if there was active
development in any of the study watersheds. However, reports indicated that urban
sprawl was a major threat to the Etowah basin as urban land cover increased steadily over
the last 20 years and cited sedimentation due to urban and suburban construction sites as
a major stressor (Freeman et al. 2002). Thus, it is reasonable to conclude that baseflow
TSS has significant relationships with urban land use in areas undergoing active
development. The Etowah basin study did not examine differences in catchment size to
determine if small catchment size influenced the relationship with baseflow TSS
concentrations (Roy et al. 2003), which the CLUE and EUSE comparison may indicate.
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Table 4.3. EUSE and CLUE study linear regression models with normalized
disturbance index (NDI) as a measure of development.
(1)

% Impervious Cover
Water Quality
Baseflow TSS (mg/L)
pH
DO (% of saturation)
Conductivity (µS/cm)
Pesticides(3)
Total Herbicides
Total Insecticides
Total Pesticide
Degradates
Hydrology
% Rainfall as Runoff(4)
Flashiness

(5)

Spring
Fall

Biological Metrics
NCBI
B-IBI

Study
CLUE
EUSE

Parameter Estimates
Intercept
Slope
-0.28
1.45
-1.18
2.05

R2
0.98*
0.95*

n(2)
91
10

# of outliers
6
2

CLUE
EUSE
CLUE
EUSE
CLUE
EUSE
CLUE
EUSE

3.76
15.73
6.21
6.83
92.22
94.92
38.16
31.66

0.56
-0.26
-0.29
0.005
-1.76
-0.57
2.23
6.656

0.31*
0.03
0.06
0.04
0.33*
0.04
0.29*
0.77*

22
10
46
10
48
11
15
10

0
2
3
2
1
1
2
2

EUSE

0.037

0.0134

0.48*

11

1

EUSE

-0.0015

0.001

0.63*

11

1

EUSE

-0.0005

0.0003

0.44*

11

1

CLUE

2.52

1.47

0.32*

22

1

EUSE
EUSE

0.1

0.05

0.79*

11

1

0.19

0.04

0.47*

10

2

4.36
4.98
94.47
97.91

0.21
0.06
-2.19
-2.18

0.60*
0.47*
0.45*
0.70*

49
10
47
10

1
2
3
2

CLUE
EUSE
CLUE
EUSE

*significant at p<0.05
(1)

CLUE study relationships are republished from Sciera et al. 2008.
Number of data points varies in CLUE study among the comparisons because parameters
were sampled at different time intervals (Monthly: NDI, % impervious cover; quarterly: NCBI,
B-IBI; with rain events: TSS, Runoff). This number represents the final model; outliers were
not included.
(3)
Pesticide data was not collected for the CLUE study, but was included for the EUSE study
because of its significance.
(4)
Based upon data from storm events that most closely aligned with the NDI measurement time
point.
(5)
A version of the Richards-Baker Flashiness index (Gregory and Calhoun 2007).
(2)
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The pH data for the CLUE and EUSE studies was not significantly related to land
use (Table 4.3, n=46, n=10, respectively). This is consistent with findings for streams in
the Etowah River watershed, which is also within the piedmont ecoregion (Roy et al.
2003). Conductivity was significantly related to land use in the CLUE and EUSE studies
(Table 4.3, p<0.05, CLUE: R2=0.29, n=15; EUSE: R2=0.77, n=10). The land use
relationship with conductivity for the EUSE study had a much larger slope than the
relationship in the CLUE study (Table 4.3). This may indicate that conductivity is also
capturing dissolved pollutant loads associated with established land use, such as metals
from road runoff, pesticides, and waste water treatment plant (WWTP) effluents..
Increases in conductivity with increasing urban land use can depend on a watershed’s
underlying geology (Walsh et al. 2001, Roy et al. 2003), but has been established
previously for this ecoregion and other areas (Wang and Yin 1997, Herlihy et al. 1998,
Roy et al. 2003). Both studies examined here do have significant relationships between
land use and conductivity and are in the same ecoregion with similar soil types, leading to
the conclusion that the underlying geology may not be significant in regard to the
conductivity findings. In addition, conductivity can vary in regard to the age of urban
land use (Finkenbine et al. 2000) and based on groundwater flow paths and rates. Based
on the relationships in the CLUE and EUSE studies, established urban areas show a
stronger conductivity signal with increasing urban land area.
For DO, expressed as percent of saturation, the CLUE study had a significant
relationship between the NDI and DO (Table 4.3, p<0.05, R2=0.33, n=48). The EUSE
study did not have a significant relationship between DO and the NDI (Table 4.3, n=10).
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A decrease in DO in developed streams is often attributed to lower base flow conditions
which undergo less mixing to aerate the water and often have higher temperatures due to
reduced riparian shading and input of water from impervious cover heated by sunlight
(Schueler 1994, Cormier 2000, Paul and Meyer 2001). In addition, because of reduced
infiltration, lower temperature groundwater contributes less flow to the stream. Because
DO measurements are temperature adjusted and reported as percent of saturation, it is
unlikely that water temperature increases as a result of urbanization explain the
significant relationship between DO and the NDI in the CLUE study.
Inputs of nutrients from landscaping of developed land can lead to lower DO
conditions (Cormier et al. 2000, Walsh et al. 2005a). However, the CLUE project
examined conditions before excessive nutrient inputs were present on the streams
because it focused on the actual development stressors before landscaping was prevalent.
According to unpublished data from the CLUE project, simple averages of storm event
concentrations for total nitrogen and total phosphorus concentrations were unrelated to
the NDI in the three watersheds included in the study (n=74). Because there are no point
discharges that could be contributing oxygen demand to the streams, low DO in areas
undergoing intense development, as indicated by a high NDI, is likely due to low flows
and lack of turbulent flow to aerate the water. Low flows are difficult to quantify using
the continuous stream stage and velocity monitor does not operate well due to low stage
and lack of particles in the water for the Doppler technology used by the ISCO point
monitor. Unpublished data from a handheld velocity meter (Flow Tracker Handheld
ADV-41000, SonTek, San Diego, CA, USA) indicates that flow velocity at baseflow has
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the following averages for the period of May 2006 to March 2008 is as follows: Knight
Creek 0.02 m3/s (σ=0.009), Lost Creek 0.009 m3/s (σ=0.009), Baldwin Creek 0.006 m3/s
(σ=0.002).
The CLUE study did not assess the impacts of pesticides because they were not
considered to be a risk driver in developing pastures and forested watershed in the time
period of this dataset. However, there was a significant relationship between pesticide
parameters and land use for the EUSE study of established watersheds. Total herbicides
(R2=0.48, n=11), total insecticides (R2=0.63, n=11), and total pesticide degradates
(R2=0.44, n=11) had significant relationships with the NDI (Table 4.3; p<0.05). In
established urban settings, significant landscaping exists as part of residential yards,
parks, golf courses, and commercial areas. These landscaped areas are often managed
using pesticides, which can runoff into adjacent streams, especially with connected
impervious cover. These pesticides can cause toxic effects on aquatic organisms, such as
algae or aquatic macroinvertebrates and lead to detrimental effects to the biotic integrity
of the aquatic ecosystem (Schulz and Liess 1999, Cormier et al. 2000).
Hydrology metrics in both the CLUE and EUSE study were significantly related to
land use (Table 4.3, p<0.05). In the CLUE study, changes in the hydrologic regime were
quantified using percent rainfall as runoff for storm events less than 2.54-cm in rainfall
(Sciera et al. 2008). However, in the EUSE study, hydrologic changes were expressed as
a version of the Richards-Baker Flashiness Index (Baker et al. 2004), which is a
dimensionless ratio of the absolute value of the relative change in daily mean crosssectional area of flow to the daily mean cross-sectional area for the period of record
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(Gregory and Calhoun 2007). Although the direct quantitative relationships of these two
metrics cannot be compared, the significance of hydrologic metrics with land use in both
urbanizing and established urban watersheds indicates that hydrology is a stressor
throughout all time periods of land development. This is consistent with urban stream
studies that have found more frequent, larger flow events due to increases in impervious
cover due to land development (Konrad and Booth 2002, Roesner and Bledsoe 2003,
Booth et al. 2004, Walsh et al. 2005b, Roy et al. 2005, Konrad and Booth 2005).
Benthic macroinvertebrate indices, both the NCBI and the B-IBI, had significant
adverse relationships with an increasing NDI in both the CLUE and EUSE studies (Table
4.3, p<0.05). It is important to note that for actively developing watersheds, the NCBI
had the strongest relationship with the NDI (R2=0.60, n=49). A study in the Etowah basin
of Georgia, USA also reported a stronger relationship between urban land use and the
NCBI than the B-IBI (Roy et al. 2003). Based on the discussion above, these watersheds
were likely experiencing active development (Freeman et al. 2002). Therefore, the NCBI
may be a better index of biotic integrity than the B-IBI in watersheds experiencing active
land development stress across a range of watershed sizes (<1-50 km2) included in the
CLUE and Etowah River basin studies (Roy et al. 2003, Sciera et al. 2008). However, it
seems that in watersheds with established urban land use, the B-IBI may be more
informative regarding aquatic ecosystem health. For the EUSE watersheds, the B-IBI has
a stronger relationship than the NCBI to the NDI (B-IBI: R2=0.70, n=10; NCBI: R2=0.47,
n=10). Morley and Karr (2002) also reported a significant relationship between the B-IBI
and watersheds with established urban land use, but the study did not report active
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development information. The predictive relationships described later in the results also
support this conclusion.
The NCBI was developed as an indicator of the overall tolerance of a
macroinvertebrate community to general pollutants, regardless of source (Lenat 1993).
Thus, it has the capability to incorporate multiple stressors due to land development into
a quantified index of biotic integrity. The B-IBI is structured to examine benthic
macroinvertebrate community structure and function by incorporating functional feeding
groups, abundance, and dominance metrics (Kerans and Karr 1994). The NCBI may be
more relevant in a watershed undergoing active development because it measures general
stress to the macroinvertebrate community, which has changing characteristics and
intensity over time of development. Significant relationships between land use metrics
and hydrology, storm event and baseflow TSS, bed sediment size, and habitat
relationships presented in this paper and in Sciera et al. (2008) indicate that development
stressors change and increase over the course of development. Therefore, a generalized
index, such as the NCBI is most appropriate. Established urban watersheds are better
predicted by the B-IBI because the communities have time to reach a stable state and
measuring community structure and function is more reliable because the types and
intensity of stressors have been established.
For both the EUSE and CLUE datasets, stressor-response relationships were also
evaluated. Benthic macroinvertebrate indices were considered the response to the
physical stressors introduced by urbanization. For the CLUE study, baseflow TSS
values, pH, and DO were significantly related to the B-IBI (p<0.05, Table 4.4). Unlike
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the CLUE study, the EUSE study did not have significant stressor-response relationships
for baseflow TSS, pH, and DO (Table 4.4). The significance of baseflow TSS in the
CLUE study could again be attributed to suspended clay in the water column, as
described above and by Capper who demonstrated that TSS in Lost Creek is primarily
clay (Capper 2005). Silt and clay particles are more likely to directly affect aquatic
organisms through impacts on the feeding of filter-feeding invertebrates (Capper 2005).
Dissolved oxygen and pH values that are significant in the CLUE study have low R2
values. The relationship with DO could be due to low baseflows reducing DO and
reducing wetted habitat area for invertebrates.
In both studies, hydrologic metrics were significantly related to the B-IBI and the
NCBI (p<0.05, Table 4.4). This is consistent with findings of other studies, which have
shown that the benthic macroinvertebrate measures were related to measures of
hydrologic alteration (Quinn and Hickey 1990, Clausen and Biggs 1997, Morley and Karr
2002). Two ecologically distinct fish assemblages exist for hydrologically variable and
hydrologically stable streams (Poff and Allan 1995), and this research indicates this could
be true for benthic macroinvertebrate communities also. A more detailed comparison of
benthic macroinvertebrate hydrologically stable and variable streams would be necessary
to confirm this hypothesis.
Conductivity was significantly related to the NCBI in the CLUE study and to the
BIBI and the NCBI in the EUSE study (p<0.05, Table 4.4). It has been a common finding
to relate specific conductance and changes in macroinvertebrate communities (Tate and
Heiny 1995, Imert and Stanford 1996). Conductivity changes could be attributed to
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changes in groundwater flow paths and rates. Conductivity is also a surrogate measure
for other cumulative changes in water quality, including increases in TSS concentrations,
which can contribute dissolved ions of nutrients and metals (USEPA 2008b). Storm
event TSS concentrations were significantly related to land use in the CLUE study
(Sciera et al. 2008), which could increase baseflow conductivity with additional dissolved
ions. Changes in water chemistry could lead to changes in the NCBI, which measures
organism tolerance levels. The NCBI was a better index than the B-IBI for land
undergoing urbanization, as discussed above, and may be more sensitive to changing
conductivity.
The relationship of the B-IBI and NCBI to conductivity in the EUSE study can be
attributed to additional pollutants in the stream as a result of established urban land use.
Pesticide metrics (µg/L: total herbicides, total insecticides, total pesticide degradates),
were significantly related to the B-IBI and total insecticides were significantly related to
the NCBI (p<0.05, Table 4.4). Although pesticides do not have a strong contribution to
conductivity, the increases in pesticides could indicate increased loadings of other
pollutants, such as metals, nutrients, polyaromatic hydrocarbons (PAHs), and other
dissolved solids such as chloride from road runoff that do have a large contribution to
conductivity measurements. Pesticides were not evaluated in the CLUE study, but metals
were not present at a high enough concentration to be significant (Sciera et al. 2008). In
the piedmont ecoregion, Roy et al. (2003) found that the B-IBI was significantly related
to conductivity and the NCBI significantly related to specific conductance and turbidity,
but it did not evaluate pesticide or metals concentrations.
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Table 4.4. Stressor-Response relationships established for CLUE and EUSE datasets.
Pesticides3
Study
name &
response
Metric
BIBI

n

Baseflow
TSS
(mg/L)

pH

Conductivity
(µS/cm)

19

46

15

Flashiness5

DO (% of
saturation)

Total
Herbicides
(µg/L)

Total
Insecticides
(µg/L)

Total
Pesticide
Degradates
(µg/L)

%
Rainfall
as
runoff4

Fall

Spring

45

N/A

N/A

N/A

19

N/A

N/A
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EUSE1

CLUE1,2

R2
0.24*
0.09*
0.002
0.16*
N/A
N/A
N/A
0.30*
N/A
N/A
outliers
0
3
2
4
N/A
N/A
N/A
0
N/A
N/A
NCBI
n
18
48
16
45
N/A
N/A
N/A
17
N/A
N/A
R2
0.001
0.07
0.67*
0.26*
N/A
N/A
N/A
0.21*
N/A
N/A
outliers
1
1
1
4
N/A
N/A
N/A
2
N/A
N/A
BIBI
n
10
11
10
11
10
10
10
N/A
10
9
R2
0.04
0.05
0.66*
0.02
0.52*
0.64*
0.47*
N/A
0.58* 0.60*
outliers
2
1
2
1
2
2
2
N/A
2
3
NCBI
n
9
10
10
10
11
11
12
N/A
12
10
R2
0.28
0.02
0.53*
0.09
0.41
0.46*
0.06
N/A
0.35*
0.16
outliers
3
2
2
2
1
1
0
N/A
0
1
*significant at p<0.05
1
CLUE study relationships are republished from Sciera et al. 2008 and EUSE study relationships are from data in Gregory and Calhoun
2007.
2
Number of data points varies in CLUE study among the comparisons because parameters were sampled at different time intervals
(Monthly: NDI; quarterly: NCBI, B-IBI, pH, DO; with rain events: TSS, Runoff). This number represents the final model; outliers were not
included.
3
Pesticide data was not collected for the CLUE study, but was included for the EUSE study because of its significance.
4
5

Based upon data from storm events that most closely aligned with the NDI measurement time point.
A version of the Richards-Baker Flashiness index (Gregory and Calhoun 2007).

Predictive relationships for biotic integrity were developed from the EUSE and
CLUE datasets separately using stepwise regression to determine if differences existed
among actively developing watersheds and established urban watersheds. An EUSE
model was built separate from the CLUE model because possible input variables were
different since two studies reported different metrics for hydrology and the EUSE study
included pesticide information. For the NCBI, both the CLUE and EUSE studies were
best predicted by a model including only the NDI as a significant parameter (p<0.05,
Figures 2.5, 4.2; CLUE: R2=0.61, n=49, outliers=1, Sciera et al. 2008; EUSE: R2=0.64,
n=11, outliers=1). However, the slopes of the models were significantly different. The
EUSE model had a near zero slope, indicating that the NCBI has little variability across
different values of the NDI in established urban watersheds and therefore may not be a
good indicator of biotic integrity in such systems (Figure 4.2). Because these models
had significantly different slopes, a combined model using both datasets was not
developed.
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Figure 4.2. Predictive regression for the NCBI from the EUSE dataset
(p=0.0033, R2=0.64, n=11, outliers=1). All data are within a factor of two
variability from a perfectly fit model.

For the CLUE study, the B-IBI was predicted based on the NDI (Figure 3.1;
p<0.0001, R2=0.45, n=47, outliers=3; Sciera et al. 2008). This is a simplified model that
did not include variable interaction terms because significant interaction terms were covariable and not useful for the risk assessment applications developed within this study.
The model leveled off at the intercept value at sites with low or zero development levels
(Figure 3.1) and it appears that the model is missing a significant predictive term to
account for the variability at these sites. It is possible that the full interaction model
presented in Sciera et al. (2008) (Figure 2.7), which included geomorphology and
hydrologic metrics accounted for the variability in low development areas. The more
complex interaction model (Figure 2.7) had a R2 value that was much higher at 0.96, but
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it also had much fewer data points due to the data limiting geomorphology parameter
(Sciera et al. 2008).
For the EUSE dataset, the B-IBI was predicted based on the NDI and baseflow TSS
values (Figure 4.3; p<0.0001, R2=0.94, n=11, outliers=1). Although baseflow TSS was
significant in the regression for the B-IBI for the EUSE study, it did not have an
independent significant relationship with the NDI or with the B-IBI of the EUSE study.
However, baseflow TSS explains approximately 20% of the variability in the B-IBI
model for the EUSE study. The reason for the significance of baseflow TSS was
examined by: 1) basic study differences such as benthic macroinvertebrate sampling
methods and geographic characteristics (i.e., watershed size and setting), 2) individual
parameters of the B-IBI that could be affected by TSS, or, 3) conductivity relationships.

Figure 4.3. Predictive regression for the B-IBI using the EUSE dataset
(p<0.0001, R2=0.94, n=11, outliers=1). All data are within a factor of two
of a perfectly fit model.
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The difference in the CLUE and the EUSE models is only in the significance of
baseflow TSS as a predictor. It seems likely that TSS is carrying the pesticides in the
stream, thus the TSS parameter represents the significance of the pesticide parameters to
the benthic macroinvertebrates in the established urban streams of the EUSE study. It is
also possible that differences in benthic macroinvertebrate sampling methods, as
highlighted in the methods section of this paper, could have contributed to enough
variation in benthic macroinvertebrate samples to lead to minor differences in the
predictive models. Although the EUSE study reported samples from a composite sample
from various habitat areas, the CLUE study represented multiple sampling time points. It
is unknown which type of sampling provides the most representative estimate of benthic
macroinvertebrate communities.
Based on the individual parameters in the B-IBI, scrapers, richness, and EPT
(Ephemeroptera, Plecoptera, Tricoptera) taxa had a decreasing trend with baseflow TSS
concentrations, but no statistical significance. Baseflow TSS may be reducing the
biomass of a food source utlilized by benthic macroinvertebrates, such as algae by
reducing sunlight. However, the EUSE study reports that only one algal metric (i.e., the
percentage of algae in pH 6 category) of 229 measured algal metrics had a correlation to
baseflow turbidity measurements (Gregory and Calhoun 2007).
Roy et al. (2003) reported that specific conductance was a significant predictive
variable for the B-IBI and that conductance and turbidity were predictive for the NCBI. It
could be that baseflow TSS is simply a surrogate parameter that is indicating
anthropogenic pollutants in the stream (Walsh et al. 2001), which can be associated with
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sediment particles. EUSE pesticide metrics (insecticides and herbicides) had significant
relationships with the B-IBI and NCBI (Table 4.4), but were not significant to the
predictive regressions (α=0.05). Although pesticides do not have a large contribution to
conductivity measurements,the presence of pesticides could indicate general pollutant
loading into the stream, including metals and PAHs from road runoff. This would also
explain the lack of significance of baseflow TSS in the CLUE study regression where
pesticides and metals are not a significant contaminant. The CLUE study data
demonstrated that the baseflow TSS did not have a significant relationship to
conductivity (Figure 4.4, R2=0.0019, p=0.87, n=16, outliers=1), which supports the
argument that baseflow TSS is indicating the contribution of anthropogenic pollution in
the B-IBI prediction equation. Based on EUSE water quality data, there was a significant
relationship between specific conductance and the B-IBI (p=0.0043, R2=0.66, n=10),
NDI (p=0.0008, R2=0.77, n=10), baseflow TSS (Figure 4.4, p=0.0201, R2=0.51, n=10),
and two pesticide metrics (herbicides: p=0.0133, R2=0.51, n=11; insecticides: p=0.0315,
R2=0.42, n=11). Therefore, it is likely that baseflow TSS is contributing to the prediction
of the B-IBI based on its relationship to other water quality parameters that can influence
biotic integrity, such as dissolved constituents associated with urban land use and
detected by specific conductance.

The combination of EUSE and CLUE data for

baseflow TSS and conductivity reveals a significant relationship between the two
variables across watersheds of varying development levels (Figure 4.4, p=0.0022,
R2=0.32, n=27, outliers=2).
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However, because both B-IBI predictive models contained similar significant input
parameters, one model was evaluated using the combined datasets of both studies. This
model had the NDI and baseflow TSS as the significant predictive variables (Figure 4.5;
p<0.05, R2=0.77, n=29, outliers=2). Based on Figure 4.5, the points for EUSE and
CLUE are not segregated, but rather fall as a mixed dataset on the graph. This indicates
that there are similarities between the watersheds, despite their geographic location and
that relationships established within the piedmont ecoregion are likely to apply to streams
in the same ecoregion of different watershed size. The streams compared in this graph
have up to a 100-fold difference in watershed size and are up to 300 km2 in distance
apart. This conclusion is further supported by similarities cited in this discussion to the
Roy et al. (2003) Etowah River study in the piedmont ecoregion of Georgia, USA and
findings of the nationwide EUSE study that found that ecosystem responses are ecoregion
specific (T. Cuffney, personal communcation)
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Figure 4.4. Relationship of baseflow TSS concentrations and conductivity
for the CLUE and EUSE studies (trendline represents combined dataset).
(p=0.0022, R2=0.32, n=27, outliers=2). All data are within a factor of two
of a perfectly fit model.

Figure 4.5. Predictive regression for the B-IBI using the CLUE and EUSE
datasets (p<0.05, R2=0.77, n=29, outliers=2). All data are within a factor of
two of a perfectly fit model.
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To incorporate the quantitative relationships established in these two studies into a
regulatory framework, such as ecological risk assessment, acceptable benchmarks of
ecological integrity were established from the data using methods similar to those in
chapter three of this dissertation. Benchmarks using the NCBI were not compared
because the relationship of land use to the NCBI in the two studies was significantly
different. Although biodiversity and ecosystem function research indicates that the
greater the biodiversity, the more resilient the ecological community is, there is not a
quantitative benchmark to indicate what loss of species composition is acceptable, while
still preserving ecosystem function (Emmerson et al. 2001, Loreau et al. 2001). Because
levels for acceptable losses in species have not been established, for explanatory
purposes, this study used an example of a 20% reduction in the B-IBI (from a reference
of 105). Using this end point, the combined EUSE-CLUE predictive regression for the BIBI can be used to develop quantitative benchmarks for planning and monitoring
development activity in a watershed of the piedmont ecoregion. Using the average
baseflow TSS value for the study sites ( =8.43 mg/L, n=28, σ=5.6), this would indicate
a development benchmark at an NDI of 7.16, which corresponds to approximately 10%
impervious cover. This corresponds well to previous studies, which have reported 8-20%
impervious cover causing adverse impacts to stream ecosystem health (Booth and
Jackson 1997, Paul and Meyer 2001, Swietlik 2002, CWP 2003, Roy et al. 2003).
Based on the findings in chapter three of this dissertation, which examined
benchmarks using the CLUE data only, the incorporation of streams with established
urban land use increased the development level benchmark. Using only CLUE data, the
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benchmark for development was an NDI of 4.8 (95% CI=3.58-6.07) or 6.7% impervious
cover (chapter 3). This could indicate two possible scenarios: 1) the EUSE sites have
less disturbed, upstream sources of benthic macroinvertebrates that colonize the impacted
areas through drift, which is not available to the headwater CLUE streams, or 2) that
although development delivers a strong blow to aquatic ecosystems, there is some
recovery in benthic macroinvertebrate communities due to adult dispersal from
neighboring systems and recolonization once land use stabilizes. If recovery is the case,
it might be most accurate to characterize the relationships during land development
separate from those post-development.
There have been limited studies regarding benthic macroinvertebrate community
recovery after a disturbance. Stream ecology research indicates that the population of
benthic macroinvertebrates in a stream is derived primarily based on local conditions
(i.e., habitat, water quality) and potential recruits derived from species compositions of
neighboring communities (i.e., drift or adult dispersal; Malmqvist 2002, Sanderson et al.
2005). The timeline for recovery is dependent on the proximity of a source for
recolonization and has been documented to be five or more years after stream restoration
projects have been completed (Fuchs and Statzner 1990). Although complete recovery is
not expected in an urban system, some recovery of insect communities after conditions
have stabilized seems likely, but the timeline is uncertain.
The analyses above describe quantitative relationships among urbanization, its
associated stressors, and the benthic macroinvertebrate response as an indicator of biotic
integrity. The U.S. EPA has developed a similar method of examining stressors in stream
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ecosystems called Causal Analysis/Diagnosis Decision Information System (CADDIS).
Although this method is similar to some of the recommended statistical analyses in
CADDIS, it is more quantitative and provides more information regarding effects and
management benchmarks. CADDIS was designed to be used on streams that are
impaired to determine the causative stressor(s) (USEPA 2007). However, it is not only
important to identify the causal pathway, but also to provide information regarding what
level of the stressor would protect the aquatic ecosystem so that management objectives
can be developed. The analysis described in this paper can be used to plan new land uses
to minimize impacts to aquatic ecosystems, to plan restoration activities on watersheds
with established urban land use, or to characterize practical expectations for stream
community compositions in areas undergoing remediation for chemical stressors, but not
physical stressors.
Based on the relationships described in this paper, it is reasonable to expect that
streams of differing watershed sizes (<1 to 138.6 km2) in the same ecoregion are likely to
have similar responses to catchment urbanization. Established urban land use and active
land development have some differences in source-stressor relationships, mainly with
regard to water quality, but predicting biotic integrity for established urban land use and
active land development are very similar. Further research is needed to indicate if active
development and post-development conditions should be modeled separately to account
for post-development recovery of biotic integrity (e.g., B-IBI). The application of these
methods to development and retrofitting of established urban development is currently
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being investigated by Clemson University in collaboration with Upstate Forever in
Greenville, SC.
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CHAPTER FIVE
CONCLUSIONS AND RECOMMENDATIONS

The results of this study demonstrate that quantitative relationships between land
use, physical stressors, and biological endpoints can be established and applied to an
ecological risk assessment framework. These quantitative relationships indicate that:
1) Source-stressor relationships can be established from field studies, but single
stressor-response relationships are difficult to derive because multiple
stressors are present in urban systems.
2) Alterations in hydrology were significantly related to benthic
macroinvertebrate indices in both developed and actively developing
watersheds indicating that hydrologic modification was an important stressor
resulting from land use management.
3) For established urban watersheds, pesticides and conductivity were
significantly related to benthic macroinvertebrate indices suggesting that
anthropogenic chemical pollution is an important stressor for established
urban watersheds.
4) Acute toxicity to benthic macroinvertebrates resulting from suspended solids
in actively developing systems is unlikely because typical 24-hr total
suspended solids (TSS) concentrations do not cause mortality in invertebrates
using applicable TSS exposures and durations. Changes in benthic
macroinvertebrate communities are likely due to macroinvertebrate drift.
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Relationships were developed to estimate biotic integrity from land use variables
and physical stressors. These relationships were used to establish effects benchmarks to
aquatic ecosystems. This analysis demonstrates that:
1) Ecosystem impacts begin between 4.8 and 7.0 Normalized Disturbance Index
(NDI; 6.7-9.7% impervious cover) in actively developing ecosystems. This
corresponds to 9.5-12.7% rainfall as runoff and 78-106.8 mg/L TSS.
2) Actively developing and established urban developments exhibited similar
predictive equations for the B-IBI, which result in a combined model
predicting ecosystem impacts (20% of reference B-IBI) at an NDI of 7.16
(10% IC). This indicates that watersheds of different sizes in the same
ecoregion respond similarly to urbanization stressors.
3) Levels of physical stressors related to specific levels of biotic integrity for
established urban watersheds are higher than those for developing watersheds,
indicating that there may be recovery after initial land development activities.
Overall, the results are consistent with previous impervious cover studies, but the
normalized disturbance index developed in this research can be applied to both
developing and established urban watershed to predict aquatic ecosystem effects in a
quantitative framework, like ecological risk assessment, to improve BMPs and promote
sustainable development practices. However, these relationships are limited to the
piedmont ecoregion of South Carolina and Georgia. The relationships would need
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validation in other geographic areas before they could be applied in the proposed
framework.
In order to expand this approach, future studies should:
1) Validate the development and stressor benchmarks in practice to calibrate
sustainable development benchmarks are protective during development.
2) Improve the NDI to put it on a more quantified scale, such as curve
number based and allow for a best management practice (BMP) weighting
of the score to account for low-impact development techniques.
3) Determine if recovery of urban streams post-development occurs in order
to determine the need for pre- and post-development stressor benchmarks.
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Appendix A
Changing Land Use and the Environment (CLUE) data plots of
individual parameters with NDI

Figure A-1. Relationship of the NDI with percent impervious cover.
KC=Knight Creek, LC=Lost Creek, BC=Baldwin Creek (05).
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Figure A-2. Relationship of NDI with the RBP Habitat Index (Barbour et al.
1999). KC=Knight Creek, LC=Lost Creek, BC=Baldwin Creek (05).

Figure A-3. Relationship of NDI with percent rainfall as runoff (%runoff,
storm events <2.54cm rainfall). KC=Knight Creek, LC=Lost Creek, BC=
Baldwin Creek (05).
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Figure A-4. Relationship of NDI with the coefficient of variation of stream
cross-sectional area (CV). KC=Knight Creek, LC=Lost Creek, BC=Baldwin
Creek (05).

Figure A-5. Relationship of NDI with the Benthic Index of Biotic Integrity
(B-IBI). KC=Knight Creek, LC=Lost Creek, BC=Baldwin Creek (05).
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Figure A-6. Relationship of NDI with the North Carolina Biotic Index (NCBI).
KC=Knight Creek, LC=Lost Creek, BC=Baldwin Creek (05).

Figure A-7. Relationship of the NDI with maximum 24-hour time weighted
average storm event total suspended solids (TSS) concentrations. KC=Knight
Creek, LC=Lost Creek, BC=Baldwin Creek (05).
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Figure A-8. Relationship of the NDI to baseflow total suspended solids (TSS)
concentrations. KC=Knight Creek, LC=Lost Creek, BC=Baldwin Creek (05).

Figure A-9. Relationship of the NDI to median bed sediment size (D50).
KC=Knight Creek, LC=Lost Creek, BC=Baldwin Creek (05).
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Figure A-10. Relationship of the NDI to dissolved oxygen (DO as percent
saturation). KC=Knight Creek, LC=Lost Creek, BC=Baldwin Creek (05).

Figure A-11. Relationship of the NDI to pH. KC=Knight Creek, LC=Lost Creek,
BC=Baldwin Creek (05).
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Figure A-12. Relationship of the NDI to conductivity. KC=Knight Creek, LC=
Lost Creek, BC=Baldwin Creek (05).
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Appendix B
Changing Land Use And the Environment (CLUE) data plots of individual
parameters with time.

Figure B-1. Relationship of NDI with time. KC=Knight Creek, LC=Lost
Creek, BC=Baldwin Creek (05).
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Figure B-2. Relationship of percent impervious cover (%IC) with time.
KC=Knight Creek, LC=Lost Creek, BC=Baldwin Creek (05).

Figure B-3. Relationship of RBP Habitat Index (Barbour et al. 1999) with
time. KC=Knight Creek, LC=Lost Creek, BC=Baldwin Creek (05).
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Figure B-4. Relationship of percent rainfall as runoff (% runoff; storms
<2.54cm rainfall) with time. KC=Knight Creek, LC=Lost Creek, BC=Baldwin
Creek (05).

Figure B-5. Relationship of coefficient of variation of stream cross-sectional
area (CV) with time. KC=Knight Creek, LC=Lost Creek, BC=Baldwin Creek
(05).
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Figure B-6. Relationship of Lost Creek cross-sectional area with time.
Solid lines represent a range of two standard deviations based on the overall
average.

Figure B-7. Relationship of Knight Creek cross-sectional area with time. Solid
lines represent a range of two standard deviations based on the overall
average.
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Figure B-8. Relationship of Baldwin Creek (05) cross-sectional area with
time. Solid lines represent a range of two standard deviations based on the
overall average.

Figure B-9. Relationship of the Benthic Index of Biotic Integrity (B-IBI) with
time. KC=Knight Creek, LC=Lost Creek, BC=Baldwin Creek (05).
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Figure B-10. Relationship of the North Carolina Biotic Index (NCBI) with time.
KC=Knight Creek, LC=Lost Creek, BC=Baldwin Creek (05).

Figure B-11. Relationship of maximum 24-hr time-weighted averages storm
event total suspended solids (TSS) concentrations with time. KC=Knight
Creek, LC=Lost Creek, BC=Baldwin Creek (05).
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Figure B-12. Relationship of baseflow total suspended solids (TSS)
concentrations with time. KC=Knight Creek, LC=Lost Creek, BC=Baldwin
Creek (05).

Figure B-13. Relationship of median bed sediment size with time. KC=
Knight Creek, LC=Lost Creek, BC=Baldwin Creek (05).
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Figure B-14. Relationship of dissolved oxygen as percent saturation with
time. KC=Knight Creek, LC=Lost Creek, BC=Baldwin Creek (05).

Figure B-15. Relationship of pH with time. KC=Knight Creek, LC=Lost Creek,
BC=Baldwin Creek (05).
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Figure B-16. Relationship of conductivity with time. KC=Knight Creek,
LC=Lost Creek, BC=Baldwin Creek (05).

133

Appendix C
Effects of Urbanization on Stream Ecosystems data plots of individual
parameters with the NDI

Figure C-1. Relationship of the NDI and percent impervious cover (%IC) in
the study selected portion of the USGS EUSE dataset (Gregory and Calhoun
2007).

134

Figure C-2. Relationship of the NDI and the Benthic Index of Biotic Integrity
(B-IBI) for the study selected portion of the USGS EUSE dataset (Gregory
and Calhoun 2007).

Figure C-3. Relationship of the NDI and the North Carolina Biotic Index
(NCBI) for the study selected portion of the USGS EUSE dataset (Gregory
and Calhoun 2007).
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Figure C-4. Relationship of the NDI and the fall flashiness index for the study
selected portion of the USGS EUSE dataset (Gregory and Calhoun 2007).

Figure C-5. Relationship of the NDI and the spring flashiness index for the
study selected portion of the USGS EUSE dataset (Gregory and Calhoun 2007).

136

Figure C-6. Relationship of the NDI and baseflow total suspended solids (TSS)
concentrations for the study selected portion of the USGS EUSE dataset (Gregory
and Calhoun 2007).

Figure C-7. Relationship of the NDI and pH for the study selected portion of the
USGS EUSE dataset (Gregory and Calhoun 2007).
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Figure C-8. Relationship of the NDI and conductivity for the study selected
portion of the USGS EUSE dataset (Gregory and Calhoun 2007).

Figure C-9. Relationship of the NDI and dissolved oxygen (as percent saturation)
for the study selected portion of the USGS EUSE dataset (Gregory and Calhoun
2007).

138

Figure C-10. Relationship of the NDI and total herbicides for the study selected
portion of the USGS EUSE dataset (Gregory and Calhoun 2007).

Figure C-11. Relationship of the NDI and total insecticides for the study selected
portion of the USGS dataset (Gregory and Calhoun 2007).
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Figure C-12. Relationship of the NDI and total pesticide degradates for the study
selected portion of the USGS dataset (Gregory and Calhoun 2007).
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